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ABSTRACT

Understanding Species Interactions and Their Impacts in Restored Communities
by
Jennifer Zhu

Advisor: J. Stephen Gosnell
Species interactions may mediate the ability of organisms to survive in a community and
provide valued services but are rarely fully considered in restoration planning. To address this, I
considered how service provisioning will change as restored marsh communities mature and the
value of incorporating antipredator training into captive-rearing programs.
For chapter 1, I explored how a facultative mutualism between Atlantic ribbed mussels
Geukensia demissa and cordgrass Spartina alterniflora may enhance marsh growth and nitrogen
cycling in a eutrophic setting. I created experimental plots in Jamaica Bay, NY, that contained
live mussels, mussel shells, or no mussels (control) and measured sediment and plant
characteristics after 9 weeks. I also collected sediment cores for use in continuous flow-through
incubations with ambient site water and water enriched with stable isotope-labeled nitrate.
Denitrification in marsh plots with live mussels was significantly higher than the other
treatments. Live mussels likely enhanced denitrification as biodeposits increased sediment
organic carbon and anaerobic conditions. Mussel treatments did not impact cordgrass growth,
possibly due to the eutrophic conditions of our study system or the duration of our trials. Ribbed
mussels may be a valuable addition for salt marsh restoration projects in eutrophic estuaries since
they increase the ecosystem service of nitrogen removal.
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For chapter 2, I compared the filtering and biodeposition rates of ribbed mussels in the
presence of predators (blue crabs (Callinectes sapidus)), oyster drills (Urosalpinx cinerea)),
injured conspecifics, or other local species (mud snails, Tritia obsoleta)) from the Hudson River
estuary (NY) in laboratory experiments conducted in July–August 2019. The effect of predator
diet on ribbed mussel responses was also considered. Although mussels tended to be less active
in the presence of predators and injured conspecifics, significant decreases were observed in few
traits, and there was no evidence that predator diet influenced mussel responses. Variability in
feeding rates and other factors such as water quality may play a larger role than predator
presence in determining mussel activity. These results suggest that G. demissa will continue to
provide positive impacts on water clarity and quality and increase denitrification rates via
biodeposition even as restored communities attract predators.
For chapter 3, I identified studies that analyzed changes in organisms following both
antipredator training and lethal exposure to predators. Notably, I identified only 12 studies that
analyzed outcomes in both training and lethal exposure settings and found the majority of
measurements focused on traits. Although meta-analysis indicated that antipredator training
changed prey traits and increased prey survival, relationships between changes in traits and
fitness could not be assessed given the rarity of studies that included both outcomes. While these
results support the general use of antipredator training, they also suggest that trait changes cannot
be reliably used as proxies for fitness impacts.
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OVERVIEW
The presence or absence of species interactions can have major consequences on species
distributions (Travis et al. 2006, Godsoe et al. 2012) and community assemblage (Wilson et al.
2003, Angelini et al. 2011). Interactions may be direct, such as predation, and link two species,
while indirect interactions may link multiple species and connect organisms to a massive
network (Delmas et al. 2019). Beyond impacting the presence and number of organisms in an
area, interactions may also influence the behavior of species (Werner 1992) and ultimately
impact ecosystem functioning (Bregman et al. 2015). Despite the recognition that interactions
can structure communities and ecosystems, much remains to be understood regarding their
impact. Although negative interactions such as predation and competition have been a long-term
focus of ecologists (Paine 1981, Lubchenco 1986, Chesson and Kuang 2008, Calsbeek and Cox
2010), positive interactions, such as facilitation (Stachowicz 2001), can also impact trophic
relations (Gribben et al. 2017, Jones et al. 1997) and species diversity (Cardinale et al. 2002) of
an ecosystem.
Besides recognizing the full array of interactions that occur in a community, the impact
of simultaneously-occurring interactions and responses to stress or changing environments need
to be better understood. Simultaneously-occurring interactions can allow species to indirectly
influence each other. This may occur due to a chain of interactions. For example, the
reintroduction of the Yellowstone gray wolves understandably led to a decrease in the elk
population, which led to an increased plant coverage of aspen, cottonwood, and willow (Ripple
and Beschta 2012). Species interactions, along other environmental stressors, may also influence
the outcomes of interactions since interactions may be context-dependent. For example, the
impact of the obligate relationship between acacia trees, Acacia nigera, and acacia ants,
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Pseusomyrmex ferruginea (Jansen 1966) depends on the presence of herbivores that may
potentially feed on Acacia. In the presence of herbivores, a mutualism forms as the acacia tree
provides shelter and food for the ants and, in return, the ants defend the tree from herbivores
(Jansen 1966); in the absence of herbivores, however, the ant-Acacia relationship may become
parasitic. These complex systems make it difficult to isolate and identify potential consequences
of species entering or leaving communities. For these reasons, considering species interactions in
restoration attempts may be vital to their success. Interactions might be critical to ensuring
populations in restored areas grow and thrive and that restored communities provide desired
ecosystem services. Restored communities may also provide unique opportunities to consider the
impact of multiple interactions as species are restored or naturally return to a site over time and
how environmental conditions influence interactions. Understanding how multiple species
interactions impact ecosystem services and functioning is useful for evaluating the health status
of the ecosystem and can help in predicting possible consequences of restoration projects
(Kardol and Wardle 2010).
The goal of my thesis is to understand the impact species interactions have on restored
communities. In chapters 1 and 2, I consider how species interactions might influence the growth
of restored salt marsh communities and the services they provide. Salt marshes provide many
functions to human and ecological communities including protecting coastlines from erosion and
providing shelter and food for diverse groups of fauna and flora. Marshes may also play an
important role in nutrient storage and cycling (Zedler and Kercher 2005, Deegan et al. 2012) by
sequestering carbon and removing biologically-active nitrogen from the water column through
denitrification or burial (Sousa et al. 2012, Rose et al. 2021). Marshes, however, face multiple
threats, and marsh coverage has decreased globally (Gedan et al. 2011, Mariotti and Carr 2014).
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Salt marshes in the Northeastern Atlantic region of the USA, for example, face large inputs of
anthropogenic nitrogen that have reduced organic matter storage and sediment stability, which
worsens erosion (Deegan et al. 2012, Wigand et al. 2014). Rising sea levels threaten salt marshes
when they are unable to grow vertically at the same rate as water levels rise, and vertical growth
could be limited by high nitrogen levels (Watson et al. 2014).
Given the global decrease of marsh coverage and the resulting loss in ecosystem services
they provide, marsh protection and restoration is a goal of many coastal conservation efforts. Salt
marsh restoration is designed to prevent or remediate environmental damage by optimizing the
delivery of critical ecosystem services (Gedan et al. 2009), such as intercepting polluted runoff
(Shutes 2001) or mitigating effects of sea level rise (Erwin 2009). Most restoration projects on
the east coast, however, focus on restoring cordgrass (Spartina alterniflora), the dominant plant
of the low marsh along the eastern coast of North America (Bertness 1984) and ignore potential
impacts species interactions may play on restoration progress. For example, cordgrass growth
may be influenced by the presence of Atlantic ribbed mussels (Geukensia demissa). In natural
communities, mussels engage in a facultative mutualism with cordgrass that may promote plant
growth and increase nitrogen removal from marshes. Facultative mutualism is a positive
relationship in which interacting species can benefit from the association without depending on
the relationship to survive and reproduce (Bertness 1984, Stachowicz 2001). Ribbed mussels
attach themselves to the stems and roots of cordgrass with proteinaceous byssal threads,
increasing the structural stability of the marsh surface. When mussels suspension-feed, they
pump water over marsh substrate, oxygenating the sediments and alleviating stress from anoxia
(Bertness 1984). The production of their feces and pseudofeces, collectively known as
biodeposits, can enhance cordgrass growth by increasing sediment nutrients. In return, cordgrass

3

provides the mussels with refuge from predators and shelter from heat and desiccation stress
(Bertness and Grosholz 1985). Previous studies have shown that the cordgrass-ribbed mussel
mutualism in salt marshes can enable the ecosystem to recover from or tolerate disturbances
(Bertness et al. 2015) and enhance recovery from drought by increasing soil water storage and
reducing soil salinity stress (Angelini et al. 2016).
Mussel biodeposits can also provide reactants and improve conditions needed for
microbially-mediated denitrification by increasing available organic carbon as an energy source
for denitrifying bacteria (Davis et al. 2004). Biodeposit decomposition, along with bivalve
respiration, can increase local oxygen demand, which may lead to the formation of anoxic
microsites that support denitrification (Giles and Pilditch 2006, Smyth et al. 2013). Including
mussels in reintroductions may therefore influence community composition and ecosystem
functioning. Ribbed mussels, however, are rarely included during salt marsh restorations, and it
is not clear how nitrogen enrichment could impact this mutualism.
Chapter 1 explores the impacts of this mutualistic cordgrass-ribbed mussel relationship
on cordgrass growth, sediment characteristics, and nitrogen removal in a young restored
eutrophic salt marsh in Jamaica Bay, NY, USA. Jamaica Bay salt marshes are highly eutrophic
(Wallace and Gobler 2014) and have been deteriorating rapidly with an average loss of 13
hectares per year (Hartig et al. 2002, Wigand et al. 2014), making the marshes the target of
multiple restoration projects. We created 0.50m x 0.50m plots in the field that had three
treatments: live mussels, empty mussel shells, and no mussels. The three treatments compare the
combined effects of mussel presence (shell and burrows) and biodeposition to the impact of
mussel shell presence alone. We also performed a continuous-flow core incubation study using
sediment cores from the field plots to consider how mussels might impact denitrification under
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ambient and nitrate-enriched conditions. Results indicated that the presence of live mussels more
than doubled denitrification rates under ambient conditions, likely due to a similarly-sized
increase in sediment organic matter in plots containing live mussels. Mussel presence, however,
had no impact on plant growth during our study. This suggests that while some portions of these
interactions may be environmentally-dependent, including mussels in restoration plans may still
be important to increasing nitrogen removal, which may be even more critical in eutrophic
systems. Chapter 1 was funded by the Hudson River Foundation 2017 Tibor T. Polgar
Fellowship. Results have been published in the Marine Ecology Progress Series (Zhu et al.
2019) and are reprinted with permission here.
Although feeding by mussels may increase denitrification, both mussel densities and
feeding rates may be altered in the presence of predators. While most studies have been focused
on how predators affect prey through consumption, there have been a growing number of prey
responses to predator presence. Changes in prey traits may influence their interactions with other
species. When these prey responses lead to changes in prey survival, reproduction, or overall
population, the changes are known as non-consumptive effects (NCE). These trait changes and
NCE can alter the dynamics of the ecosystem (Preisser et al. 2005, Peckarsky et al. 2008, Sheriff
et al. 2020). These effects can be equally as strong as consumptive effects (Preisser et al. 2005).
For example, the classic lynx-hare cycle was not entirely driven by consumptive effects
(Peckarsky et al. 2008). Snowshoe hares born when predators are at a high density have
increased stress hormone levels, which was also found to be correlated with reduced
reproduction than those born during low predator density (Peckarsky et al. 2008). Trait changes
induced by predator presence and NCE, however, are rarely considered in restoration projects
(Fraser et al. 2015), although they may represent areas with small predator populations where
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NCE may be even more important to predator-prey interactions than consumption (Peckarsky et
al. 2008, Preisser et al. 2007, Dill et al. 2003).
Trait changes due to predator presence (Leonard et al. 1999) have been well documented
in other bivalves including prolonged closure response of freshwater pearl mussels (Wilson et al.
2012), phenotypic plasticity of shell morphology (Cheung et al. 2004a) and increased byssal
thread production in green-lipped mussels (Cheung et al. 2004b). However, there are little to no
studies that have looked at fear responses in ribbed mussels. Although increasing species
diversity may be a goal for restoration projects, the return of predators to restored marshes may
lead to changes in mussel density or behavior that could change how mussels impact
denitrification rates (Reimer and Harms-Ringdahl 2001, Leonard et al. 1999, Reimer 1999,
Nakaoka 2000, Johnson and Smee 2012). The presence of predators may lead ribbed mussels to
close up their shell as has been observed in other bivalves facing predation risk. Mussels may
also cease filter feeding when the shell is closed up. While this may ultimately impact mussel
survival, chapter 2 aims to understand if this predator-prey interaction influences ribbed mussel
feeding and the resulting biodeposition that was the focus of chapter 1.
We conducted two experiments to compare filtration and biodeposition in mussels
receiving water with various cues. We first considered if mussels behaved differently in the
presence of predators (blue crabs, Callinectes sapidus, and Atlantic oyster drills, Urosalpinx
cinerea) and non-predators (mudsnails, Ilyanassa obsoleta) (Experiment 1). Non-predator
species were included to consider if mussels could distinguish between taxonomically similar
species (oyster drills and mudsnails) that differed in predation threat (Bourdeau and Padilla
2019). We also considered how predator feeding history and cue origin impacted these effects by
comparing mussel responses to oyster drills that consumed mussels, drills that were starved, and
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injured conspecifics (Experiment 2). We found that mussels only filtered less water in the
presence of injured conspecifics, which also led to a decrease in particle ingestion. Although
other rates were reduced in the presence of injured conspecifics and predators, overall effects
were not significant. It is likely that the injured conspecifics may be a stronger risk cue than
predator chemical cues, but in general these results suggest that ribbed mussels will continue to
provide positive impacts on water quality and increase denitrification rates via biodeposition
even as communities mature and attract predators. Our results also highlight the challenges in
considering non-consumptive effects in natural settings and translating experimental results to
management guidance. Chapter 2 was financially supported by the Science and Resilience
Institute at Jamaica Bay 2019 Fellowship Program. Results have been published in Estuaries and
Coasts (Zhu et al. 2021) and are reprinted here with permission.
These results are one example of a system where NCE may not impact restoration
outcomes. However, due to the potential effects of NCE, antipredator training is now being
considered by many captive rearing programs (Griffin 2004). Antipredator training typically
involves exposing captive prey to predators, predator cues, and/or alarm cues in sublethal
encounters, where prey may see, hear, or smell cues but not face the actual risk of consumption.
These experiences are thought to lead to changes in prey traits that will eventually reduce postrelease predation, which is a major source of mortality for organisms released from captivity
Despite the growth in predator-training programs, the true impact of these programs is
not well-understood (Tetzlaff et al. 2019). Many studies of these training programs, like most
studies of NCE (Sheriff et al. 2020), focus on prey responses and not actual long-term effects on
prey population sizes. Although changes in prey traits might impact ecosystem functioning, they
may not necessarily correspond to changes in fitness that ultimately impact population-specific
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restoration outcomes. Studies also differ in whether impacts of training are measured
immediately after training or following release or possible exposure to predators, but impacts
noted following training may not translate to actual differences once organisms are released into
natural habitats. Antipredator training programs are also often time- and labor- intensive, and
over-stimulating prey can be detrimental to overall fitness (Sih et al. 2010). For these reasons,
understanding the full impact of antipredator training programs on prey traits and fitness would
aid restoration programs by helping appropriately integrate these interactions into captive-rearing
programs.
Chapter 3 aims to address this issue by examining the effectiveness of antipredator
training programs to elicit prey antipredatory responses and increase associated measures of prey
fitness. Past work indicates mixed results on the efficacy of these programs (Griffin et al. 2000,
Wisenden et al. 2004, Brown et al. 2013, Tetzlaff et al. 2019, Rowell et al. 2020), but a formal
meta-analysis has not focused on this particular question. Our results indicate a lack of studies
that consider both training and lethal exposure outcomes. Only 12 of the 3000+ articles we
reviewed measured both outcomes. We also found that traits were far more likely to be assessed
than changes in fitness-related metrics such as survival. Thus, although we found that
antipredator training typically leads to changes in prey traits and increases in prey survival, we
also determined the relationship between these two outcomes can not be assessed.
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CHAPTER ONE
Ribbed mussels Geukensia demissa enhance nitrogen-removal services but not plant growth in
restored eutrophic salt marshes
Zhu J, Zarnoch C, Gosnell JS, Hoellein T (2019) Ribbed mussels Geukensia demissa enhance
nitrogen-removal services but not plant growth in restored eutrophic salt marshes. Marine
Ecology Progress Series 631:67–80. https://doi.org/10.3354/meps13132
Reproduced with permission from Inter-Research Science Publisher.

Abstract
Salt marshes are decreasing worldwide. Restoration projects address marsh loss, yet it
remains unclear how well restored marshes grow, expand, and function in eutrophic waters.
Here, we explored how a facultative mutualism between Atlantic ribbed mussels Geukensia
demissa and cordgrass Spartina alterniflora may enhance marsh growth and nitrogen cycling in
a eutrophic setting. We created experimental plots in Jamaica Bay, NY, that contained live
mussels, mussel shells, or no mussels (control). After 9 weeks, we measured sediment and plant
characteristics. We also collected sediment cores for use in continuous flow-through incubations
with ambient site water and water enriched with stable isotope-labeled nitrate (15NO3−).
Denitrification in marsh plots with live mussels was significantly higher than the other
treatments. Live mussels likely enhanced denitrification as biodeposits increased sediment
organic carbon and anaerobic conditions. Mussel treatments did not impact cordgrass growth,
possibly due to the eutrophic conditions of our study system or the duration of our trials. Ribbed
mussels may be a valuable addition for salt marsh restoration projects in eutrophic estuaries since
they increase the ecosystem service of nitrogen removal. Future work should focus on long-term
effects of ribbed mussels on nitrogen removal and cordgrass biomass in restored marshes to
determine how the mutualism impacts restoration success as sites age.
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Introduction
Salt marshes provide many functions to human and ecological communities including
protecting coastlines from erosion, providing shelter and food for diverse groups of fauna and
flora, and altering nutrient storage and cycling (Costanza et al. 1997, Zedler & Kercher 2005,
Deegan et al. 2012). Salt marshes have decreased 50 to 80% worldwide from historical levels
due to anthropogenic influences (Grabowski et al. 2012), including the synergistic impacts of
nitrogen (N) pollution, sea-level rise, dredging, reduced sediment input, and erosion (Hartig et al.
2002, Peteet et al. 2018). In salt marshes in the Northeastern Atlantic region of the USA, for
example, large inputs of anthropogenic N have reduced organic matter storage and sediment
stability, which worsens erosion (Deegan et al. 2012, Wigand et al. 2014). Rising sea levels
threaten salt marshes when they are unable to grow vertically at the same rate as water levels
rise, and vertical growth could be limited by high N levels (Watson et al. 2014). Given the global
decrease of marsh coverage and the resulting loss in ecosystem services they provide, marsh
protection and restoration is a goal of many coastal conservation efforts. Salt marsh restoration is
designed to prevent or remediate environmental damage by optimizing the delivery of critical
ecosystem services (Gedan et al. 2009), such as intercepting polluted runoff (Shutes 2001) or
mitigating effects of sea level rise (Erwin 2009). Recovery of marshes after anthropogenic
disturbance is slow under natural conditions but can be accelerated through management
practices that promote marsh growth or moderate negative impacts of environmental stressors
(Broome et al. 1988). Various restoration methods have been developed for marsh restoration
projects, such as altering hydrology, increasing elevation, and plantings (Broome & Craft 2009).

10

Research is needed to evaluate the success of restoration efforts (Ruiz-Jaen & Mitchell Aide
2005, Staszak & Armitage 2013).
Species interactions can have major consequences for salt marsh growth and ecosystem
processes (Silliman & Zieman 2001, Silliman et al. 2004, Silliman 2005, Angelini et al. 2016).
For example, Atlantic ribbed mussels Geukensia demissa engage in a facultative mutualism with
cordgrass Spartina alterniflora, the dominant plant in the low marsh throughout the eastern coast
of North America (Bertness 1984). Ribbed mussels attach to the stems and roots of cordgrass
with proteinaceous byssal threads, which increases the structural stability of the marsh surface.
When mussels suspension-feed, they pump water over marsh substrate, oxygenating the
sediments and alleviating plant stress from anoxia (Bertness 1984). The production of feces and
pseudofeces, collectively known as biodeposits, can enhance cordgrass growth by increasing
sediment nutrients. In return, cordgrass provides the mussels with refuge from predators and
desiccation (Bertness & Grosholz 1985). Previous studies have shown that the mussel-cordgrass
mutualism in salt marshes can enable the ecosystem to recover from or tolerate disturbances
(Bertness et al. 2015) and enhance recovery from drought by increasing soil water storage and
reducing soil salinity (Angelini et al. 2016).
The presence of ribbed mussels may also increase N removal and recycling in restored
salt marshes by providing the substrates and environmental conditions required for
denitrification (Kellogg et al. 2013, Bilkovic et al. 2017). Denitrification is the microbial
respiratory process of using organic carbon (C) as an energy source and reducing nitrate (NO 3−)
or nitrite (NO2−) to nitrogen gas (N2). Therefore, denitrification provides the important
ecosystem service of permanent N removal from ecosystems (Seitzinger 1988). The majority of
denitrifying bacteria are heterotrophs that use NO3− as an electron acceptor when O2 becomes
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depleted. As a result, rates of denitrification are maximized by availability of organic C, NO3−,
and anaerobic conditions (Davis et al. 2004). Bivalve biodeposition has previously been
demonstrated to increase sediment C and N which can increase rates of denitrification (Piehler &
Smyth 2011). Ribbed mussels and other bivalves may also affect denitrification via NH 4+
excretion, diffusion of water column NO3− to sediments through burrows, and hosting
denitrifying microbes in tissue or shells (Welsh & Castadelli 2004, Hoellein et al. 2015, Turek &
Hoellein 2015, Welsh et al. 2015, Humphries et al. 2016, Bilkovic et al. 2017). Biodeposit
decomposition along with bivalve respiration can increase local oxygen demand, which may lead
to the formation of anoxic microsites that support denitrification (Giles & Pilditch 2006, Smyth
et al. 2013). Bivalve suspension feeding may also aid in diffusing water-column O2 to deeper
sediments through burrows and promote coupled nitrification-denitrification (Nizzoli et al.
2006). For example, the combination of ribbed mussels and cordgrass resulted in higher
denitrification rates in natural marsh sediments compared to when either were alone (Bilkovic et
al. 2017).
The impacts of mussels on denitrification may be especially important for marsh
restoration projects. Young salt marshes generally have low denitrification rates due to C and
NO3− limitation (Tyler et al. 2003, Broome & Craft 2009). N fixation often occurs at greater
rates than denitrification in young marshes (Piehler et al. 1998). However, as marshes age, N
fixation decreases, and denitrification increases (Tyler et al. 2003). Denitrification rates in
natural marshes can be up to 44-fold greater than in restored salt marshes due to oxygen
inhibition at low tide and flushing of porewater nutrients at high tide in restored marshes
(Thompson et al. 1995). Most ecological functions in restored marshes require 5 to 15 years (yr)
to reach the original levels of natural marshes, which is about the time needed to accumulate
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1000 g C m−2 and 100 g N m−2 in the soil (Craft et al. 2003). This suggests that either recovery is
slow or that restorations fail to recreate biological and physical factors important to marsh
function. The mutualism between ribbed mussels and cordgrass could promote the growth of
restored salt marshes and increase N removal.
The impact of ribbed mussels on salt marsh plants may depend on both marsh history and
nutrient availability. Whereas past work has shown mussels may increase marsh recovery under
oligotrophic and mesotrophic conditions (Bertness et al. 2015, Angelini et al. 2016, Derksen
Hooijberg et al. 2018), we have no evidence to determine whether the same relationship would
benefit restoration attempts in eutrophic ecosystems. Eutrophic conditions could alleviate N and
C limitation for both cordgrass and denitrifying bacteria, thus reducing the role of mussel
biodeposits and burrows in sustaining denitrification. Moreover, N loading has been found to
favor aboveground plant growth over belowground growth (Deegan et al. 2012, Alldred et al.
2017), which would decrease sediment stability. A reduction in belowground plant biomass
could affect marsh N cycling because the rhizosphere plays an important role in coupled
nitrification-denitrification (McGlathery et al. 2007, Aoki & McGlathery 2018). Therefore, in
eutrophic systems, mussel biodeposits may have no effect or a negative effect on plant growth
and marsh stability.
To better understand the impact of mussels on marsh growth and denitrification in
eutrophic systems, we created field plots with 3 treatments: live mussels, empty mussel shells,
and no mussels. Plots were monitored for ~9 weeks. We expected that C- and N-rich mussel
biodeposits would provide a nutrient subsidy in this young restored marsh, which would lead to
increases in aboveground and belowground biomass of marsh plants. We also performed a
sediment core incubation study using cores from the field plots to examine how mussels impact
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denitrification under ambient and nitrate-enriched conditions in this young restored marsh. We
hypothesized that the combined effects of mussel presence and biodeposition would increase
denitrification compared to the control and mussel shell treatments.

Materials and Methods
Study site
We conducted a study in 2017 at a young restored marsh in Jamaica Bay, NY, USA with
the goal of determining the impacts of ribbed mussels Geukensia demissa on cordgrass Spartina
alterniflora growth, sediment characteristics, and microbial N removal in eutrophic systems
(Wigand et al. 2014). High N loads due to wastewater inputs are considered one of the main
threats to the marshes, which are deteriorating at a mean rate of 13 ha yr−1 (Wigand et al. 2014).
Ongoing restoration efforts seek to recover marsh area, along with the many ecosystem services
that these marshes provided (Rafferty et al. 2011, Wigand et al. 2014, Campbell et al. 2017).
Yellow Bar Hassock (Fig. 1.1) is a large salt marsh island in Jamaica Bay (NY, USA) that
declined 13% in area between 1959 and 1998 (Hartig et al. 2002) and then lost 0.9 ha yr−1 from
2003 to 2012 (Campbell et al. 2017). In 2012, ~286 700 m3 of dredged sand from Ambrose
Channel and Rockaway Inlet (NY Harbor) was transferred to the northern half (17 ha) of the
island and graded to the desired elevation (Ravit et al. 2015). Cordgrass was then seeded in
middle-elevation areas, while high-elevation areas were planted with Spartina patens and
Distichlis spicata plugs (P. Rafferty, National Park Service, pers. comm.). Subsequent
monitoring has shown that restoration at Yellow Bar successfully increased elevation and
coverage of cordgrass (Campbell et al. 2017).
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Experimental field plots
We established fifteen 0.25 m2 experimental plots in the southwest corner of the restored
portion of Yellow Bar (40.61° N, 73.83°W) in the summer of 2017. The plots were located near
the marsh edge in 2 transects parallel to the edge of the waterline. Plots were spaced ~1 to 1.5 m
from each other, and all were at a similar elevation.
Plots were established so that they contained 18 to 23 naturally occurring cordgrass stems
(mean ± SE: 79.47 ± 1.70 stems m−2). Plots were randomly assigned one of the following
treatments: (1) cordgrass alone (control), (2) cordgrass with empty ribbed mussel shells
embedded in the sediment, and (3) cordgrass with live ribbed mussels embedded in the sediment.
Empty ribbed mussel shells used for the mussel shell treatment were sealed using marine epoxy.
We applied the mussel shell plot treatment so that we could compare the physical impacts of
mussels (shell and burrow) on sediment characteristics and processes (i.e. changes in friction
velocity and organic matter accumulation) (Sanford & Chang 1997) to the effects of suspension
feeding and biodeposition of live mussels. The mussel shells and live mussels were collected
from Black Bank Marsh, which is ~1 km north of Yellow Bar. Black Bank is a degraded marsh
that has become fragmented due to loss of elevation and vegetation (Wigand et al. 2014,
Campbell et al. 2017). Ribbed mussels used in the plots had a mean shell length of 70.85 mm
(SE = 0.11 mm; n = 70). Live mussels and shells were pushed into the sediment so that ~50% of
the shell was buried (Jost & Helmuth 2007, Bertness et al. 2015). Each of the live mussel and
mussel shell plots had a density of 400 mussels (~1600 mussels m−2). Although densities of
10,000 m−2 have been observed in the eutrophic Jamaica Bay (Franz 2001), salt marshes in the
mid-Atlantic and northeastern USA commonly have ribbed mussel populations of 600 to 3,000
m−2 (Bertness & Grosholz 1985, Bilkovic et al. 2017). Therefore, the experimental density used

15

in this study, while similar to densities observed in other ecosystems, likely represents both the
lower limits of natural population sizes in Jamaica Bay and an achievable restoration goal.

Plant and sediment data collection
Cordgrass and sediment characteristics were measured on 22 June 2017 to ensure initial
similarity among plots. We recorded stem density and the height of 5 randomly selected stems
(distance from the sediment surface to the tip of the cordgrass stem) for each plot. A sediment
sample was collected from each plot with a modified 25 mm diameter syringe to a depth of 3 cm
and brought back to our laboratory at Baruch College for analysis. Each sample was
homogenized and then subsampled to measure sediment characteristics. Subsamples were dried
at 60°C until a constant weight, and then re-weighed to determine bulk density, percent moisture,
and porosity. Sediment organic matter (OM) was determined following loss on ignition at 500°C
(Benfield 2007). Sediment total organic C and total N was determined by treating samples with
25% HCl and redrying at 60°C (Nieuwenhuize et al. 1994) before analysis using a Series II 2400
CHN Analyzer (Perkin Elmer Life and Analytical Sciences, Shelton, CT) with acetanilide as a
standard.
Treatments were then established by adding live mussels and mussel shells on 19 to 21
July 2017. Established plots were monitored for ~9 weeks. We measured stem heights and stem
densities and analyzed sediment data again on 14 August 2017 using the procedures noted above.
At the conclusion of the experiment (29 September 2017), we recorded stem density and heights
for all cordgrass stems from each plot, then cut all stems at the sediment surface. Aboveground
biomass was determined after drying cordgrass at 60°C for at least 48 h. We reserved 2 leaf
fragments from each plot to measure the C:N ratio. Leaf tissue was cut to 5 cm long sections,
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dried at 60°C until a constant weight, ground into homogenous samples using a mortar and
pestle, and analyzed for C and N content as described above. We sampled belowground biomass
(i.e. roots and rhizomes) by inserting 7.6 cm diameter acrylic cores into marsh sediments to a
depth of 15 cm. Three replicate cores were taken from each plot (n = 45). Belowground material
was wet-sieved through a 1.0 mm mesh sieve to remove sediment, dried at 60°C until a constant
weight, and weighed to determine biomass. Dried belowground material was ground into
homogenous samples to measure C and N content. These samples were also used to analyze
sediment characteristics using the procedures noted above.

Benthic nutrient and gas fluxes from continuous flow-core incubations
We measured nutrient and gas fluxes using intact sediment cores from each plot in
continuous-flow incubation studies (Hoellein et al. 2015, Bilkovic et al. 2017, Zarnoch et al.
2017). Intact sediment cores (30 cm long × 7.6 cm diameter) were collected from each of the
plots on 19 September 2017 (2 months after plot establishment) using a PVC coring device
(Gardner et al. 2006) and brought back to the laboratory. Each core contained ~15 cm of
sediment along with 3 mussels (applicable to only mussel shell and live mussel treatment cores;
equivalent to 661.3 mussels m−2) and cordgrass. Live mussels had a mean (±1 SE) shell length
of 70.2 ± 1.72 mm and tissue dry mass of 0.8 ± 0.05 g. The mean (±1 SE) shell length of shells
used in the mussel shell treatment was 71.5 ± 2.10 mm. Stems in the cores were cut and plugged
with silicone gel to reduce oxygen and organic C leakage (Caffrey et al. 2007). All cores were
capped with gas-tight lids and maintained at in situ water temperatures (22°C) for 48 h. We first
introduced ambient site water (NOx− = 8 µmol l−1) to cores at a flow rate of 1.1 ml min −1 for 24 h
(ambient incubation hereafter) to determine net nutrient uptake and net denitrification. After the
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initial incubation, we enriched the site water with 15NO3− for 24 h to determine total
denitrification and N fixation (final NOx− concentration = 24 µmol l−1). After the incubations
were complete, 10 ml sediment samples were collected from each core and analyzed for OM and
C:N content as previously described.
We determined concentrations of soluble reactive phosphorus (SRP), NH4+, and NOx− for
water samples collected from inflow carboys and from outflow samples of each core. Samples
were filtered through a 0.2 µm nylon filter (Thermo Scientific) into three 20 ml scintillation vials
and frozen until analysis. Samples were analyzed following established protocols (SRP:
antimonyl tartrate method following Murphy & Riley 1962; NH4+: phenol, hypochlorite method
following Solorzano 1969; NOx−: cadmium reduction method following APHA 1998) with a
Seal AQ2+ discrete nutrient analyzer (Seal Analytical).
Samples for dissolved gases (28N2, 29N2, 30N2, 32O2, and 40Ar) were collected directly
from carboys for inflow measurements, and outflows dripped directly into triplicate 12 ml Labco
Exetainer® vials (Lampeter) so that vials overflowed 3-fold the volume. Samples were preserved
with 200 µl of 50% zinc chloride, then capped and stored underwater at 4°C. Samples were
analyzed using membrane inlet mass spectrometry (MIMS; Bay Instruments; Kana et al. 1994) at
Loyola University, Chicago, IL. The standard used for the MIMS was artificial seawater held at
22°C and a salinity of 27.2 (circulating bath, VWR International), stirred at a low speed to
equilibrate to atmospheric gases (Lab Egg RW11 Basic, IKA Works). O 2 and N2 concentrations
were determined by using the ratio with Ar following standard protocols (Kana et al. 1994,
Hoellein et al. 2015). MIMS measurements were corrected for instrument drift by interspersing
standards throughout the run.
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Nutrient (SRP, NH4+, NOx−) and gas (O2, N2) fluxes were calculated by subtracting the
concentration in the outflow from the concentration in the inflow, multiplying by the pump flow
rate, and dividing by the surface area of the core (flux units = µmol element m−2 h−1). The 28N2
data were used to determine the net N2 flux of the control incubation, whereas the sum of
dissolved gases of 28N2, 29N2, and 30N2 were used to calculate total denitrification in the 15NO3−
enriched incubation. The production of 29N2 and 30N2 in the enriched incubation was considered
as an index of direct denitrification of the 15NO3−. We also calculated nitrification, percentage of
coupled nitrification-denitrification, and denitrification efficiency for each core, focusing on 28N2
flux for ambient cores and the sum of 28N2, 29N2, and 30N2 fluxes for enriched cores. Nitrification
was calculated by summing the NOx− and N2 fluxes (Kellogg et al. 2013). The percentage of
coupled nitrification-denitrification was calculated by dividing the calculated nitrification by the
N2 fluxes and multiplying by 100%. If NOx− fluxes were positive, we assumed all denitrification
was coupled (Gonzalez et al. 2013). Lastly, denitrification efficiency was calculated by dividing
N2 efflux by the sum of the N2, NH4+, and NOx− effluxes (only positive values used) and
multiplying by 100 (Eyre & Ferguson 2009).

Statistical analysis
One-way ANOVAs with treatment as a factor were used to assess data collected at one
point per sampling period for each plot or core (plot stem density and aboveground biomass,
June and July sediment data, core sediment data). Mixed-effect models with treatment as a fixed
factor and sampling unit as a random effect were used to assess data collected at multiple points
per plot per sampling period (stem heights, belowground biomass and plant C:N, September
sediment data) or multiple times from a core (core incubation flux data) to account for within
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sampling unit variation and pseudoreplication (Zuur 2009, Bates 2010). Residuals were visually
checked for normality and homogeneity among groups for all models (Zuur 2009, Zuur et al.
2010); data were transformed when needed to meet these assumptions. The p-values were found
by analyzing Type III sums of squares for models (Fox & Weisberg 2011). We considered pvalues ≤ 0.05 to be statistically significant. When significant differences were found among
treatments, we ran post hoc tests using the Tukey method (Lenth 2016) to compare treatment
means. Relationships among OM, sediment oxygen demand, and denitrification in ambient cores
were also analyzed using linear regression. Residuals were checked as noted above.
Data were analyzed using R v.3.6.1 (R Core Team 2019). Graphs and figures were
produced in R using the ‘ggplot2’and ‘ggmap’ packages, and the ‘plyr’ and ‘reshape’ packages
were used for data manipulation (Wickham 2007, 2009, 2011, Bivand et al. 2016). Map data
were provided by Google Earth and Natural Earth.

Results
Initial plot measurements
No significant differences were observed in stem density (F2,12 = 0.659, p = 0.535, total
mean = 79.5 stems m−2) or stem height (χ22 = 0.459, p = 0.795, total mean = 23.7 cm) for salt
marsh plants among the study plots prior to the start of the mussel Geukensia demissa
manipulation. Sediment conditions also showed no significant differences among study plots
(bulk density: F2,12 = 0.860, p = 0.448, total mean = 1.12 g cm−3; % moisture: F2,12 = 0.389, p =
0.686, total mean = 0.12%; porosity: F2,12 = 0.425, p = 0.663, total mean = 26%; OM: F2,12 =
0.036, p = 0.964, total mean = 0.64%; C:N: F2,12 = 0.885, p = 0.438, total mean = 7.97).
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Impact of treatments on cordgrass Spartina alterniflora and sediment characteristics
We focused our methods and analysis on data collected in September, which was ~9
weeks after treatments were established, due to the short time period between the July and
August sampling dates. Throughout the experiment, overall mean stem density across all plots
increased from 79.5 to 319.2 stems m−2, and mean stem height increased from 23.7 to 39.0 cm.
However, we found no treatment impact on stem density (F2,12 = 0.276, p = 0.763), stem height
(χ22 = 1.719, p = 0.423), or aboveground biomass (F2,12 = 0.216, p = 0.808; Fig. 1.2A). Although
not significant (F2,12 = 3.222, p = 0.076), we noted the C:N molar ratio of leaf tissue appeared to
differ strongly among treatments, with the largest difference existing between control and mussel
shell plots. Treatments did not impact belowground biomass (χ22 = 0.820, p = 0.663; Fig. 1.2B);
log-transformed data were also analyzed due to differences in variance among treatments but
yielded the same result (χ22 = 0.509, p = 0.775). We also noted a trend for treatment impact on
belowground C:N molar ratio (χ22 = 4.683, p = 0.096), with a slightly higher C:N ratio observed
in the control plots (measures for each treatment type provided in Supplementary Table 1.1 in the
Appendix).
Sediment OM differed significantly among treatments (χ22 = 15.842, p < 0.001; Fig. 1.3)
and was significantly higher in live mussel plots compared to control (t = −3.133, p = 0.022) and
mussel shell plots (t = −3.693, p = 0.008). We found no effect of the treatments on bulk density
(χ22 = 1.005, p = 0.605, total mean = 1.07 g cm−3), moisture (χ22 = 1.316, p = 0.518, total mean =
0.12%), porosity (χ22 = 1.281, p = 0.527, total mean = 25%), or C:N (χ22 = 1.652, p = 0.438, total
mean = 7.34).

Continuous-flow core incubations
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Live mussels had a significant effect on the fluxes for 2 of the 3 solutes measured. We
found significant differences among treatments for fluxes of SRP (χ22 = 18.287, p < 0.001; Fig.
1.4A) and NOx− (χ22 = 17.596, p < 0.001; Fig. 1.4C) in the ambient core incubations. Post-hoc
analysis indicated that live mussel plots had significantly greater SRP efflux and NO x− uptake
than control and mussel shell plots (post-hoc tests, all p < 0.01). In contrast, NH4+ fluxes did not
differ statistically among plot treatments but were highest in the live mussel plots (χ22 = 3.391, p
= 0.184; Fig. 1.4B).
Gas fluxes also showed significant effects of the mussel treatments. Oxygen fluxes were
significantly different among treatments (χ22 = 19.249, p < 0.001; Fig. 1.4D), with live mussel
plots showing greater net O2 consumption than the control and mussel shell treatments (all p <
0.009). For N2 flux, there was a significant interaction between incubation (ambient vs. enriched)
and plot (control, mussel shell, or live mussel) treatments (χ22 = 36.038, p < 0.001; Fig. 1.5) that
was driven by differences in N2 flux from live mussel and mussel shell plots between incubation
treatments. Examining the ambient and enriched results separately showed higher denitrification
rates in live mussel plots within both incubations (ambient: χ22 = 9.711, p = 0.008; enriched: χ22
= 47.582, p < 0.001). In the ambient core incubation, live mussel plots had significantly higher
28N

2

efflux than the mussel shell treatment (t = −2.832, p = 0.037). We also noted the live mussel

plots tended to have a higher 28N2 efflux than the control treatment, though the results were not
significant (t = −2.543, p = 0.062). In the enriched core incubation, live mussel plots had
significantly greater total N2 efflux than both the control (t = −6.148, p = 0.001) and mussel shell
plots (t = −5.783, p = 0.002). We measured N fixation (11 µmol N m−2 h−1) in only 1 core from
the control treatment during the enriched trial. The live mussel plots had the highest nitrification
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rate, lowest DN efficiency, and lower coupled nitrification-denitrification than control plots
(Table 1.1).
We detected a significant relationship between sediment oxygen demand and sediment
OM under ambient conditions (F1,13 = 6.993, R2 = 0.350, p = 0.020; Fig. 1.6A). Regression
results also showed a significant positive relationship between N2 flux and sediment oxygen
demand from the ambient trial (F1,13 = 13.695, R2 = 0.513, p = 0.003; Fig. 1.6B).

Discussion
Our results demonstrate the importance of ribbed mussels Geukensia demissa for
enhancing the ecosystem service of N removal via denitrification at a recently restored salt marsh
in eutrophic Jamaica Bay, NY. However, contrary to previous studies, we found no evidence that
mussels enhance plant growth, and thus sediment stability, in this system. Our findings with
respect to mussel effects on N removal are consistent with an experiment conducted in a natural
marsh, which also detected significant positive effects of ribbed mussels on microbial
denitrification rates (Bilkovic et al. 2017). Rates from both studies were similar (~411 µmol N
m−2 h−1 in Bilkovic et al. 2017 and ~350 µmol N m−2 h−1 in this study), which was unexpected as
this study was performed at a young restored marsh (5 yr) while the other measurements were
from mature, natural marshes. Studies at restored marshes have typically found that N fixation is
predominant over denitrification during early development (Currin & Paerl 1998) and that young
marshes could take >15 year before N-removal services matched those of natural reference
marshes (Broome & Craft 2009). We attribute the high rates of denitrification in our study to the
highly eutrophic conditions of Jamaica Bay. The abundance of mineralized N and labile C inputs
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could be sufficient to promote denitrification, even in young, primarily inorganic marsh
sediments.
Contrary to previous studies, and despite compelling reasons to believe that plants would
benefit from mussels in newly constructed marshes, we found no evidence that mussels enhanced
cordgrass Spartina alterniflora biomass. It is possible that our results were simply due to the
short duration of our study, though other studies have detected significant effects within a single
growing season (Bertness et al. 2015, Crotty & Bertness 2015). However, it is possible that the
nature of the mussel-cordgrass mutualism is contingent on nutrient limitation, which may be
absent in an urban, eutrophic system like Jamaica Bay. Eutrophic conditions at our study sites
may alleviate N limitation of plant growth and remove the benefit of mussel biodeposition for
the plants. As the sediments in the restored marsh were dominated by sand, it is also possible that
over a longer period (i.e. >5 year) mussel biodeposits may enhance organic C accumulation and
result in greater retention of nutrients in sediments and enhanced plant growth. Overall, it is
unclear if the high N loads into Jamaica Bay decouple the benefit of mussels for cordgrass just as
other forms of disturbances have impacted mutualistic interactions (Palmer et al. 2008, Hoek et
al. 2016, de Fouw et al. 2018). Measuring these effects will likely take follow up studies that
persist over longer time periods to better capture the potential mutualistic relationship in restored
marsh ecosystems. For example, low oxygen and/or acidic conditions may reduce mussel
suspension feeding (Clements & Darrow 2018), which can alter their interaction with cordgrass.
Though not significant, our data also revealed the potential for a negative trend in belowground
plant biomass with mussel addition (Fig. 1.2B), which is worthy of investigation in future
studies. From these results, we can conclude that the addition of mussels to marsh restoration
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programs in eutrophic ecosystems may enhance N removal via denitrification but may not
enhance cordgrass biomass in the short term.

No effect of mussels on cordgrass biomass
We expected that vegetation within a newly constructed marsh would be N-limited due to
its young age, low sediment organic matter, and coarse sediments with low nutrient retention.
This would then result in the mussel addition positively affecting cordgrass biomass. Instead, our
results indicate that the addition of live ribbed mussels and mussel shells had no influence on
cordgrass biomass. Positive feedbacks between ribbed mussels and cordgrass have been shown
to enhance salt marsh resilience and marsh recovery (Bertness 1984, Crotty & Bertness 2015,
Angelini et al. 2016, Derksen Hooijberg et al. 2018). For example, mussels reduced soil salinity
stress, increased cordgrass aboveground growth, and promoted survival during drought (Angelini
et al. 2016). In addition, previous transplant experiments in a southeastern US salt marsh found
cordgrass growth and clonal expansion increased by 50% due to mussel presence because cotransplanted mussels increased nutrients in the porewater and reduced sulfide stress (Derksen
Hooijberg et al. 2018) and that mussels led to a 94% increase in belowground biomass (Derksen
Hooijberg et al. 2019). It is possible we did not see an increase in cordgrass biomass in response
to the mussel addition due to the short time frame of our experiment. The previous study was
conducted over a period of >16 months (Derksen Hooijberg et al. 2018), while our study was
performed within a single plant growing season (3 months). However, other studies have shown
responses to positive interactions between mussels and cordgrass over a period of 2 (Crotty &
Bertness 2015) or 4 months (Bertness 1984). The more likely explanation is that the eutrophic
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conditions of our study system may have reduced positive feedbacks between mussels and
cordgrass. If true, then the impacts of mussels on cordgrass biomass may be context-dependent.
Fertilization experiments simulating high N loadings (Valiela et al. 1976, Turner et al.
2009, Deegan et al. 2012) and field measurements across N loading gradients (Darby & Turner
2008, Alldred et al. 2017) demonstrated that N addition increases aboveground biomass and
reduces belowground biomass in cordgrass. This effect may occur because fertilized cordgrass
requires fewer roots to obtain N to support growth of aboveground biomass. For example,
Alldred et al. (2017) found 60 to 70% less belowground biomass in marshes with high dissolved
inorganic N across a land-use gradient in Long Island, NY. If fertilization does reduce
belowground plant growth, we would expect mussel additions to enhance marsh growth and
stability in oligotrophic or mesotrophic estuaries, while their addition may have no benefit for
plant growth in eutrophic estuaries and may in fact reduce sediment stability by reducing root
growth (Fig. 1.2). Experiments at a greater number of eutrophic marshes, conducted over longer
time frames, will be required to distinguish among these possible outcomes.
In this study, above- and belowground biomass measurements were low compared to
natural marshes, consistent with a relatively young restored marsh (Craft et al. 1999, 2003). A
degrading natural marsh located ~1.3 km from our study site had reduced belowground biomass
and a high above: belowground biomass ratio compared to a stable marsh in Jamaica Bay
(Wigand et al. 2014), which is consistent with the previous studies. Jamaica Bay is a sedimentlimited system, and marsh elevation is sustained primarily through organic matter accumulation
(Peteet et al. 2018). Future studies should document above- and belowground biomass at restored
marshes in Jamaica Bay over a longer time period to understand the combined effect of N
loading and organic matter accumulation.
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Sediment characteristics that change over long time scales with marsh maturity may
affect the role of mussels in providing plants with nutrients in restored marshes of Jamaica Bay
and other eutrophic locations. Our analyses showed live mussels did not increase above- and
belowground biomass and only led to slight changes in C:N ratios, suggesting the cordgrass may
not have been N-limited. The cordgrass likely received adequate N through water column N,
organic matter deposition, and sediment N recycling. As the marsh ages, we may observe a shift
towards greater reliance upon biogenic processes that could alter cordgrass allocations to growth,
sediment N recycling, and competition for N with sediment microbes. These changes with marsh
maturity may also affect the role of mussels within the mutualistic interaction.

Mussel impact on denitrification
Our results suggest that mussel biodeposition was likely responsible for increases in
denitrification in plots containing live mussels. Sediment OM concentrations and denitrification
rates in live mussel plots were double those in control and mussel shell plots (Figs. 1.3 & 1.5,
respectively). This result supports our hypothesis that mussel biodeposition enhances conditions
for denitrifying microbes by increasing sediment C and creating a more anaerobic environment.
Denitrification is likely to be strongly limited by organic C in young restored marshes like the
one examined in this study, as sediments are typically lower in organic content than those of
mature marshes (Craft et al. 2003). Decomposition of biodeposits likely altered sediment redox
conditions to promote denitrification (Poulin et al. 2007). The positive relationship between
organic matter and sediment oxygen as well as the positive relationship between sediment
oxygen demand and net N2 flux support this argument. Sediment oxygen demand and SRP efflux
were highest in the live mussel plots, which suggests that these plots had the most reduced
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sediment conditions (Fig. 1.4). The SRP fluxes observed in the control and mussel shell
treatments were consistent with previous measurements in coastal sediments (−25 to 100 µmol P
m−2 h−1; Boynton et al. 2018), while the higher rates of SRP efflux (270 µmol P m−2 h−1) from
the live mussel plots suggest that anoxic conditions promoted SRP desorption from iron oxides
and/or transformation to iron sulfate (Kemp et al. 2005).
The increase in 29N2 and 30N2 flux in the mussel shell and live mussel treatments (Fig.
1.5) may have been due to the biological effects and physical presence of the mussels altering
environmental conditions. We found that the total N2 flux in the control treatment changed −4%
due to enrichment, 55% in the mussel shell treatment, and 63% in the live mussel treatment (Fig.
1.5). The lack of response in the control treatment indicates that the denitrifying community was
not NO3−-limited in the absence of mussels. Our calculations show that 84% of the measured
denitrification in the control plots was coupled to nitrification, so NO 3− demand from
denitrifying bacteria was primarily met by nitrification. In addition, water column NOx− was 8
µmol l−1 during the control incubations, which could support direct denitrification (Seitzinger et
al. 2006). The presence of mussels on the marsh surface likely reduced horizontal flux of O 2 into
the sediment due to lower flow velocity. This would then increase anaerobic microsites and
promote denitrification potential. Similarly, altered friction velocity over oyster reefs likely
creates microsites that support high rates of denitrification (Sanford & Chang 1997, Kellogg et
al. 2013, Humphries et al. 2016). Other studies have found that bivalve burrows or the presence
of shell hash could enhance direct denitrification as it increases the sediment surface area
(Hoellein et al. 2015, Turek & Hoellein 2015).
The diffusion of NO3− through mussel burrows may have also increased 29N2 and 30N2
fluxes in the mussel shell and live mussel treatments. We note, however, that N 2 and NOx− fluxes
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were similar between the control and mussel shell treatments in the ambient trial. This suggests
that NO3− diffusion through mussel burrows alone could not enhance denitrification and that
enriched conditions coupled with anaerobic sediment would more likely lead to the increase in
30N

2

production in the mussel shell treatment during the enriched trial. However, if active

suspension feeding, as opposed to the existence of burrows, is the main pathway through which
NO3− diffuses into the sediment, our mussel shell plots would not have captured this effect.
Other organisms (e.g. fiddler crabs Uca pugnax; Bertness & Grosholz 1985, Laverock et al.
2011) that are more active bioturbators can impact the diffusion of oxygenated water into the
sediment and increase the exchange of solutes from the water column to sediment. Similarly,
mussel suspension feeding may facilitate transport of C-rich biodeposits to sub-surface,
anaerobic sediments where denitrifiers commonly occur (Norkko & Shumway 2011). The
strength of these effects is likely to be context and location-dependent. For example, mussels
under higher tidal or thermal stress may form larger mounds or burrow deeper into the substrate.
In such cases, diffusion may become a more important factor in their effect on salt marsh
dynamics.
We also found that in the mussel shell plots, only 63% of denitrification was coupled to
nitrification as compared to 84% in the control treatment. This difference is likely due to
nitrification being inhibited by O2 availability in the mussel shell treatment. Calculated
nitrification was highest in the live mussel plots, likely due to NH4+ excretion and
ammonification. Bruesewitz et al. (2008) found that the NH4+-rich waste of zebra mussels
increased sediment nitrification, which increased NO3− availability for denitrification.
Collectively, these results suggest that mussel additions to young restored marshes may enhance
denitrification by alleviating the limitations of C availability and creating anaerobic conditions.
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Implications for management
Study results indicated that mussel additions to a restored, eutrophic salt marsh in
Jamaica Bay, NY did not increase cordgrass biomass at this stage of marsh maturity over a
period of a single growing season. However, the mussel-cordgrass interaction may provide other
important benefits for marsh restoration projects. For example, mussel addition increased
sediment organic matter, which is a critical component of ecosystem structure and growth in the
restored salt marshes in Jamaica Bay. Study plots with live mussels had ~200% greater levels of
organic matter compared to control plots after only 9 weeks of treatment. Since Jamaica Bay
marshes rely upon organic matter deposition as compared to mineral sediments to sustain
themselves (Peteet et al. 2018), mussel biodeposition may be a subsidy to maintaining marsh
elevation (Smith & Frey 1985). Mussel C deposition is likely to be important to the development
of restored marshes as well (Craft et al. 2003) and may contribute to C sequestration (i.e. blue
carbon).
In addition to benefits for organic matter deposition, mussel addition increased
denitrification, which is a valuable ecosystem service (Vaughn & Hoellein 2018). For example,
mussel addition increased denitrification 140% compared to the control plots (ambient NO3− = 8
µmol l−1), and denitrification in mussel-amended plots increased 235% under enriched conditions
(NO3− = 24 µmol l−1). Together these results suggest that mussels support higher baseline rates of
sediment denitrification and allow sediment microbes to respond quickly to pulses of water
column nutrients, such as we would expect to observe following sewage-overflow events. Water
column NO3− varies seasonally in Jamaica Bay and often exceeds enriched conditions used in
our study (Hoellein & Zarnoch 2014). Including mussels in marsh restoration programs will

30

significantly increase the ecosystem service of N removal in restored marshes even in their early
stages of development. Mussels, like other bivalves, also sequester N in tissues and shells, which
can be removed from the ecosystem when mussel populations or the predator populations they
support are harvested (Kellogg et al. 2013, Clements & Comeau 2019). N removal is an
important measurable outcome in restoration projects whose value can be quantified monetarily
and used in cost-benefit analyses (Piehler & Smyth 2011, Zarnoch et al. 2017). Future analyses
of salt marsh restoration will benefit from careful calculations of the monetary value of marshmussel denitrification, which may help evaluate the use of mussels to sustain ecosystem services.
We also note that the long term influence of mussels on plant growth, and thus sediment
stability, remains poorly understood within eutrophic estuaries and is deserving of future study.
Beyond eutrophic estuaries, the impacts of N availability on marsh plant growth and allocation
may need to be considered when decisions are made on whether to fertilize restored or degraded
marshes.
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Figure 1.1 Study area.
Inset shows location in North America.
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Figure 1.2 Aboveground and belowground biomass collected from plots.
(A) Aboveground biomass collected from plots at conclusion of experiment (n = 5 per
treatment). (B) Belowground biomass collected from plots at conclusion of experiment (n = 15
per treatment). Dots represent mean, and error bars represent standard error.
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Figure 1.3 Percent sediment organic matter at the end of the experiment.
Sediment organic matter was higher in live mussel plots than control or mussel shell treatments
~9 weeks following mussel introductions. Dots represent the mean, and error bars represent
standard error (n = 15 per treatment). Different letters indicate treatments which are significantly
different.
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Figure 1.4 Mean fluxes from core incubation under ambient conditions.
Mean (±1 SE) flux of (A) soluble reactive phosphorus (SRP), (B) NH 4+, (C) NOx-, and (D) O2
from continuous-flow core incubations under ambient conditions. Dots represent mean, and error
bars represent standard error (n = 15 per treatment). Different letters indicate treatments which
are significantly different.
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Figure 1.5 Nitrogen fluxes from ambient and enriched trials.
N2 flux including contribution of 28N2, 29N2, and 30N2 fluxes from ambient and enriched trials.
Bars represent mean and error bars represent SE (n = 45 per isotope per treatment).
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Table 1.1 Mean (standard error) of calculated nitrification rate, percent of denitrification
coupled to nitrification, and denitrification efficiency from ambient trial. Treatments
include the control plots, empty mussel shell plots, and live mussel plots. n = 5 per
treatment.
Treatment
Control

Mussel Shell

Live Mussel

109.09 (43.49)

85.59 (22.85)

239.65 (80.64)

Coupled nitrification-denitrification (%)

84.35 (5.32)

62.52 (15.27)

65.09 (8.34)

Denitrification efficiency (%)

83.31 (16.69)

72.37 (13.75)

0.96 (16.84)

Nitrification rate (μmol N m-2 h-1)
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Figure 1.6 Linear regressions from ambient incubation.
Linear regression of (A) sediment oxygen demand and sediment organic matter and (B) net N 2
flux and sediment oxygen demand from the ambient incubation.
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Appendix
Supplementary Table 1.1 Mean (standard error) of aboveground (AG) and belowground (BG)
cordgrass traits measured at the end of the study. The carbon:nitrogen (C:N) data are expressed
as molar ratios. n = 5 per treatment for AG biomass, stem density, stem height (plot average
height), and AG C:N; n = 15 per treatment for BG biomass and BG C:N.
Cordgrass trait

Control

Mussel Shell

Live Mussel

AG biomass (g m-2)

252.25 (43.94)

243.66 (64.53)

206.08 (47.58)

Stem density (# m-2)

300 (26.32)

319.19 (43.03)

338.4 (38.17)

Stem height (cm)

40.05 (1.46)

36.88 (1.40)

35.69 (1.05)

AG C:N

126.18 (15.14)

72.09 (9.61)

87.18 (15.14)

BG biomass (g m-2)

698.88 (533.8)

601.02 (296.56)

230.45 (67.38)

BG C:N

76.41 (6.70)

72.09 (8.56)

50.66 (4.55)
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CHAPTER TWO
Ribbed Mussels continue to feed and biodeposit in the presence of injured conspecifics and
predators
Zhu J, Gosnell JS (2021) Ribbed mussels continue to feed and biodeposit in the presence of
injured conspecifics and predators. Estuaries and Coasts 44:875–82.
Reproduced with permission from Springer Nature.

Abstract
Species interactions may mediate the ability of organisms and communities to provide
valued services but are rarely considered in forecasting how service provisioning will change as
restored communities mature and change in species composition. Bivalves are foundational
species in many communities that contribute to services such as habitat provisioning, water
filtration, and denitrification but that also may respond to predator presence by reducing activity.
Filtering and biodeposition rates of ribbed mussels (Geukensia demissa) in the presence of
predators (blue crabs (Callinectes sapidus), oyster drills (Urosalpinx cinerea)), injured
conspecifics, or other local species (mud snails, Tritia obsoleta) were compared in laboratory
experiments conducted in July–August 2019 in the Hudson River estuary (New York, USA). The
effect of predator diet on ribbed mussel responses was also considered. Although mussels tended
to be less active in the presence of predators and injured conspecifics, significant decreases were
observed in few traits, and there was no evidence that predator diet influenced mussel responses.
Variability in feeding rates and other factors such as water quality may play a larger role than
predator presence in determining mussel activity. These results suggest that G. demissa will
continue to provide positive impacts on water clarity and quality and increase denitrification
rates via biodeposition even as restored communities attract predators.
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Introduction
Species interactions play an important role in structuring marshes and impact the ability
of salt marsh communities to respond to change and provide services (Silliman and Zieman
2001; Silliman and Bertness 2002; Silliman et al. 2005). For example, a mutualistic relationship
between ribbed mussels (Geukensia demissa) and cordgrass (Spartina alterniflora, the dominant
vegetation of low marshes on the Atlantic coast of North America) can accelerate marsh
recovery from (Derksen-Hooijberg et al. 2018) and increase resilience to drought (Angelini et al.
2016) in natural marshes. Mussels may increase cordgrass growth by oxygenating sediments as
they siphon water to acquire oxygen and food. Mussel feeding can also improve water clarity and
quality and lead to the production of nutrient-rich waste, or biodeposits. These biodeposits
influence the composition of the benthic community (Callier et al. 2009) and likely act as an
energy source for microbes that contribute to denitrification, or the removal of nitrogen from the
water column and sediment to the atmosphere (Zhu et al. 2019). Decomposition of biodeposits
may also create the anoxic conditions needed for denitrification (Zhu et al. 2019), and mussels
may house denitrifying microbes in their tissue or on their shell that complement or supplement
denitrification by microbes in marsh sediment (Arfken et al. 2017; Murphy et al. 2019). As a
result, mussels may increase local biodiversity and enhance denitrification in natural (Bilkovic et
al. 2017) and restored (Zhu et al. 2019) salt marshes. Including mussels in restoration plans may
thus increase the growth rates of restored marshes and their provisioning of useful ecosystem
services.
The growth of restored marshes, however, may lead to the return of predators. While
increasing biodiversity may be a goal of many projects, predators may reduce the positive effects
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of mussels by consuming them. Even if prey persists as predators return to an area, predators
may mediate their effects on salt marsh communities in other ways. Besides consuming prey
(i.e., consumptive effects), predators can also influence the behaviors of prey with resulting
effects on morphology, development, habitat usage, or other traits (i.e., non-consumptive
effects). Non-consumptive effects (NCE) may be the major path by which predators impact prey,
communities, and the ecosystem services they provide (Preisser et al. 2005) and have been well
documented in other bivalves. Examples include predator cues increasing valve closure in
freshwater pearl mussels (Wilson et al. 2012), blue mussels (Robson et al. 2007), and oysters
(Carroll and Clements 2019) and reducing feeding in hard clams (Smee and Weissburg 2006).
Predator presence also slows growth in eastern oysters (Johnson and Smee 2012; Gosnell et al.
2017), changes shell morphology (Cheung et al. 2004a), and increases byssal thread production
(Cheung et al. 2004b) in green-lipped mussels.
These studies suggest ribbed mussels may feed and grow less in the presence of
predators. If ribbed mussel responses to predators include changes in activity that influence
oxygen needs or energy acquisition and allocation, the amount of water mussels clear and filter
could change, as could the amount and composition of biodeposits they produce. These effects
could translate to impacts on water quality and denitrification rates. NCEs may be even more
important to predator-prey interactions in restored systems with small and possibly growing
predator populations (Dill et al. 2003; Preisser et al. 2007; Peckarsky et al. 2008). NCEs may
exist even when bivalves have a refuge (Kimbro et al. 2014), which may be important for ribbed
mussels among S. alterniflora. Non-consumptive effects, however, are rarely considered in
restoration projects (Fraser et al. 2015).
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To consider if predator presence would change ribbed mussel clearance, filtration, and
biodeposition, we conducted two experiments in a laboratory on the Hudson River estuary (New
York, USA) in the summer of 2019 to compare these traits in mussels receiving water with
various cues. We first considered if mussels behaved differently in the presence of predators
(blue crabs, Callinectes sapidus, and Atlantic oyster drills, Urosalpinx cinerea) and nonpredatory mud snails (Tritia obsoleta) (Experiment 1). Blue crabs and oyster drills are predators
of ribbed mussels in the area (Seed 1982) that can affect growth and feeding in other bivalves
(Smee and Weissburg 2006; Lord and Whitlatch 2012; Scherer et al. 2017). Herbivorous mud
snails are one of the most abundant inhabitants of the local salt marsh and are found at densities
of up to 1500 m−2 (Kelaher et al. 2003) and were included to determine whether mussels could
distinguish between taxonomically similar species (oyster drills and mud snails) that differed in
predation threat (Bourdeau and Padilla 2019). We also considered how predator feeding history
and cue origin impacted these effects by comparing mussel responses to injured conspecifics,
oyster drills that were starved, and drills that consumed mussels (Experiment 2). Cues from
damaged conspecifics can induce anti-predatory responses in other bivalves similar to those of
actual predators (Smee and Weissburg 2006). Prey may also be more likely to respond to
predators that have consumed conspecifics (Scherer and Smee 2016) or to respond more strongly
to combined cues from predators and conspecifics (Weissburg et al. 2014).
We predicted that ribbed mussels would clear and filter less water in the presence of
predators or injured conspecifics, leading to decreases in biodeposition rates, and that these
responses would increase when these cues were combined (i.e., predators that recently consumed
ribbed mussels). As a result of reduced activity, we also expected less filtered water to be
ingested, leading to a higher rejection rate and higher relative production of pseuodofeces. Since
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bivalves may also change how energy is allocated in the presence of predators (Scherer et al.
2018) or seek to reduce costs associated with NCE, we also considered potential impacts of cues
on mussel selectivity and ability to ingest and absorb organic matter.

Methods
Specimen Collection and Study Sites
Mussels and mud snails were collected by hand from Black Bank Marsh, Jamaica Bay,
New York (40.6144706, -73.8335504) on June 24, July 8, and August 9, 2019. Blue crabs were
collected from waters adjacent to Black Bank using crab traps on June 20, 2019, and from crab
traps deployed from The River Project (TRP) Wetlab (40.7284905, -74.0135) at Pier 40 (New
York, NY) the month prior to the experiment. Ribbed mussels, blue crabs, and mud snails were
transported to TRP. Oyster drills were collected from inflow pipes by the staff at TRP in May
and June, 2019. The average (± SD) shell length (SL) of ribbed mussels (69.87 mm ± 8.63) was
measured from the umbo to the margin. Average SL of mud snails (15.88 mm ± 1.71) and oyster
drills (18.74 mm ± 2.64) were measured from the tip of the apical whorl to the outermost point of
the siphonal canal. Blue crabs had an average carapace width of 102.30 mm ± 11.39.
Organisms were kept under natural light cycles in tanks that received unfiltered water
from the wetlab’s flow-through system. Experiments were conducted under the same conditions.
Collected organisms had at least 72 h to acclimate to inflowing unfiltered water at TRP before
being used in the experiments. Mussels used for the experiments were removed from water
overnight before experiments to mimic local tidal cycles as mussels are usually exposed to air
during low tides.
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Experiment 1: Impact of Predator and Non-predator Cues on Mussels
We first considered if mussel filtration and biodeposition changed in the presence of cues
produced by common local species. Experiment 1 was conducted July 9–12, 2019. Salinity for
this period was 7.5–7.8, and water temperature 23.3–25.8 °C. Individual mussels were
submerged in specially designed trays modeled after Hoellein et al. (2015) (see Supplementary
Figs. 2.1 and 2.2 for diagram and photographs of setup). Trays (30 cm × 22 cm × 7 cm) had one
inflow port and two outflow ports. Two mesh screens divided the tray into three areas and
prevented resuspension and loss of biodeposits due to flow. Following the previous use of these
trays (Hoellein et al. 2015), unfiltered water entered the trays at a constant rate of 450 ± 50 mL
min−1. This rate had been observed in previous experiments to limit biodeposit resuspension, and
we observed no resuspension or movement of specimens during our experiments.
At the start of each trial, three replicates of 500 mL of inflow water were collected and
filtered through preweighed 47-mm glass fiber filters with a pore size of 1.5 μm (Environmental
Express ProWeigh Filters). Samples were rinsed with isotonic ammonium formate solution.
Mussels were then placed in the middle section of each tray and were allowed to acclimate for 15
min before starting an hour-long feeding experiment. A mussel was swapped out if it was
inactive (i.e., not biodepositing) prior to treatment bag insertion and not included in subsequent
analysis (Galimany et al. 2013; Hoellein et al. 2015). In some cases, a tray did not provide data
during a trial due to lack of feeding by multiple mussels. Once biodeposition was observed, a
mesh bag containing either 4 oyster drills, 4 mud snails, or one blue crab (4 replicates of each
treatment per trial) was placed in the inflow section of the tray. An empty mesh bag was used as
a control and treatments for each tray were randomly assigned for each trial. Prior to use in the
experiment, organisms were fed by the TRP staff following the standard protocols. Blue crabs
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were fed ribbed mussels; oyster drills were fed blue mussels (Mytilus edulis), another common
local bivalve species; and mud snails were fed on organic matter deposited from inflowing water
(e.g., diatoms, algae). The combined effect of drill and conspecific cues was explored in
Experiment 2. Eight trials were run, resulting in 25–29 mussels being sampled for each
treatment.
Mussel feces and pseudofeces were identified and collected in separate containers using
pipettes for 1 h following treatment bag insertion. Oysters (Carroll and Clements 2019), mussels
(Robson et al. 2007), and clams (Smee and Weissburg 2006) have been shown to respond to the
introduction of cues from predators or conspecifics on the minute scale, thus leading us to look at
the immediate impacts of predator “arrival.” Although the gut transit time for mussels has also
been estimated to be approximately 1 hour (h) for previously submerged mussels (Galimany et
al. 2013), we noted biodeposition commenced and continued in our previously exposed mussels
within 15 min of submergence, suggesting that feeding and biodeposition were occurring. Any
waste produced by other species was contained in the mesh bag and was not included in the
measurements. All biodeposit samples were filtered using the same procedures as those noted for
the water samples.
All filters and mussels were returned to a laboratory at Baruch College for further
analysis. Site water sample filters were analyzed to determine total particulate matter, particulate
organic and inorganic matter, and percent organic content in incoming water. Biodeposit filters
were analyzed to determine biodeposit quantity and composition. All filters were dried (> 48 h)
in an oven at 60 °C until a constant weight was obtained and then re-weighed to determine dry
weight. Organic matter and inorganic matter of site water, feces, and pseudofeces were
determined following loss on ignition at 500 °C (Benfield 2007). By comparing data from
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biodeposits and seston samples as noted by Hoellein et al. (2015), we calculated mussel
clearance rate, filtration rate, percent rejection rate, selection efficiency, organic ingestion rate,
organic content of ingested matter, absorption rate, and absorption efficiency (equations
provided in Supplementary Table 2.1). Mussels were shucked so that dry tissue weight could be
determined for use in standardizing physiological rates. The tissue was processed using the same
procedure as for filters to determine dry weight.

Standardization of Variables and Statistical Analysis
Rates related to clearance, filtration, and biodeposition were standardized to 1 g of dried
mussel mass using the equation Ys = Ye ∗ (1/We) b , where Ys is the standardized measure, Ye
is the observed or derived measure, and We is the dry mussel mass. We followed past work in
using a value of 0.83 for b (Galimany et al. 2013). Data were analyzed using linear mixed
models implemented in R (R Studio Version 1.0.136, R Core Team 2017). Mixed models were
used to consider treatment as a fixed effect while accounting for replication at the trial level (car,
Fox and Weisberg 2019, and lme4, Bates et al. 2015). The model assumptions of homogeneity of
variance and normal distribution of residuals were accessed graphically (Zuur et al. 2009, 2010).
Data were log- or square root transformed as needed to better fit model assumptions. When
significant differences were observed among treatments, post hoc tests were carried out in the
multcomp package (Hothorn et al. 2008) using the Tukey HSD method to control family-wise
error rates (Tukey 1949). Graphs were constructed using ggplot2 (Wickham 2009), ggstance
(Henry et al. 2020), egg (Auguie 2019), and reshape (Wickham 2007) packages.

Experiment 2: Impact of Predator Feeding History on Mussels
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Although minimal changes in traits due to drill presence were noted in Experiment 1, the
lack of conspecific cues may have influenced mussel responses to drills. To consider this, we
conducted a second experiment on August 13, 14, and 16, 2019, using the same experimental
trays to consider the impact of drill feeding history. We also investigated mussel responses to
cues from injured conspecifics. Salinity for this period was 7.5–7.7, and water temperature 23.6–
25.6 °C. The same procedure was followed for this experiment, except after biodeposition was
observed in mussels, mesh bags were placed in the inflow section of the tray that contained
recently injured conspecifics (ribbed mussels whose shell had been cracked using a shucking
knife) or oyster drills that had either been starved or fed ribbed mussels for 4 days prior to the
experiments. An empty bag treatment was again included as a control. Six trials were run,
resulting in 20–22 mussels being sampled for each treatment. Samples were collected and
processed as noted above.

Results
Experiment 1
Observation and analysis indicated mussels did feed during the experiments. However,
only organic content of ingested matter differed among treatments at the ɑ = 0.05 level (Table
2.1). Post hoc analysis indicated that mussels in the presence of oyster drills ingested a lower
proportion of organic matter compared with those exposed to mud snails. Selection efficiency
was also lowest in mussels exposed to oyster drills. Graphical analysis indicated that clearance,
filtration, organic ingestion, and absorption rates were depressed in the presence of predators but
not mud snails, as was total biodeposition rate (Table 2.1, Fig. 2.1; graphs for other traits in
Supplementary Fig. 2.3). The decreases in total biodeposits in the presence of predators were
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driven by the decreases in pseudofecal and not fecal production since rejection rates were also
lower in the presence of predators. Lower absorption efficiencies in the presence of predator also
corresponded to predator treatments showing no change (blue crabs) or increases (drills) in the
organic content of feces.

Experiment 2
Mussels were observed to feed and biodeposit in Experiment 2. Clearance, filtration, and
organic ingestion rates differed significantly among treatments (Table 2.2, Fig. 2.2; graphs for
other traits provided in Supplementary Fig. 2.4). Post hoc analyses indicated that clearance and
filtration rates were significantly lower in the injured conspecific treatment compared with the
control and starved drill treatments (p < 0.05), while the organic ingestion rate was significantly
lower in the injured conspecific treatment compared with the treatment with drills that consumed
mussels. Absorption rates were also lowest in mussels exposed to cues from injured conspecifics,
though high absorption efficiencies may have reduced noted decreases in total biodeposition,
which were driven by decreases in both fecal and pseudofecal production. Mussels exposed to
cues from drills showed levels of clearance, filtration, and total biodeposition between those of
mussels from the control and injured conspecific treatments, but no significant differences based
on drill presence or diet were noted.

Discussion
We found minimal impacts of predator presence on mussel clearance, filtration, and
biodeposition, and our results were not influenced by predator diet. While injured conspecifics
led to some of the largest responses we observed, few of these differences were significantly
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different compared with the control (no predator) conditions. Our results were surprising since
the presence of predators has been found to have significant impacts on clearance in other
bivalves. For example, clams reduced pumping by ~40% when exposed to cues from non-starved
blue crabs (Smee and Weissburg 2006). Zebra and quagga mussels similarly reduce clearance by
~20–40% in the presence of several predator species (Naddafi and Rudstam 2013). These
changes could be expected to lead to potentially interacting changes on growth and waste
production, and studies have indeed shown that long-term exposure to predator cues can reduce
growth in some bivalves (oysters; Gosnell et al. 2017). However, studies of predator effects on
waste production have been limited despite the importance of this trait to nutrient cycling,
including denitrification (Premo and Tyler 2013, Sitvarin et al. 2016). Our study was the first to
our knowledge to directly measure predator impacts on biodeposition.
Threat cues may have limited impacts on mussels for several reasons. Cues in these
wave-influenced systems may quickly disperse to background or undetectable levels, meaning
responding to predator cues may not be an advantage in natural communities. Mussels are also
commonly found at high densities and in proximity to other common species such as oysters;
prey availability and the generalist tendencies of the predators we studied may also reduce the
need to respond to predator presence. A lack of reliable cues from predators may also explain
why cues from injured conspecifics invoked the most significant responses we observed in the
study.
It is also possible that our flow-through design did not expose mussels to a sufficient
concentration of cues needed to elicit a response in our ribbed mussels or did not allow enough
time for predator impacts to be observed. A lack of NCE may have also been due to our choice to
use adult ribbed mussels (SL 60–100 mm). Previous studies have shown that juvenile bivalves
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may respond differently to predators (Smith and Jennings 2000; Johnston et al. 2011).
Measurements of ribbed mussel growth traits such as shell composition (Scherer et al. 2017) or
byssal thread production (Cheung et al. 2004b) in the presence of predators may demonstrate
NCE. Future studies could explore these possibilities by using smaller ribbed mussels, stronger
chemical cues (i.e., high predation density), tactile cues (i.e., predator or other object touching
prey), or a different experimental design (e.g., longer duration of biodeposit collection using
other lab or field-based methods (e.g., Hoellein et al. 2015)) to detect predator impacts.
High variability in the measured rates may have also limited our ability to find significant
impacts of predators. However, studies using similar sample sizes have noted significant
differences in G. demissa traits based on seston characteristics (Galimany et al. 2013).
Comparison to previous work indicates our data fell within expected limits. On average (SE),
mussels in our control groups cleared 1.17 (0.14) L h −1 (Experiment 2) to 1.74 (0.26) L h−1
(Experiment 1). Mussels in our region have been shown to clear ~1–4 L h−1, with lower
clearance rates occurring when mussels encounter water with higher levels of particulate matter
(Galimany et al. 2013). While Galimany et al. (2013) observed levels of total particulate matter
ranging from ~4 to 15 mg L−1, we observed total particulate matter levels at even higher levels,
averaging (SE) from 43.53 (0.18) (Experiment 2) to 43.95 (0.80) mg L−1 (Experiment 1),
possibly due to our sites’ position on the Hudson River. A study of summer mussel feeding in
New Jersey (Moody and Kreeger 2020) noted even lower clearance rates (~0.5–0.7 L h−1 )
occurred at total suspended solid levels ranging from 40 to 110 mg L−1. Moody and Kreeger
(2020) also noted summer filtration rates ranging from ~30–60 L h−1 at these sites, whereas we
noted filtration rates ranging from 51.31 (6.24) (Experiment 1) to 73.57 (10.94) (Experiment 2).
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Each of these studies noted organic fractions (organic content measurements) of ~20% in site
water.
The noted influence of temperature and seston characteristics, along with the variability
we noted in treatment impacts, suggests that environmental conditions may have a larger
influence on filtration and biodeposition than predator cues, suggesting the positive impacts of
mussels on marsh growth and denitrification (Angelini et al. 2016; Zhu et al. 2019) will persist
even as predators return to restored areas. However, as activities by humans (e.g., boating,
harvest (Julien et al. 2020)) and predators increase ribbed mussel mortality, small changes in
ribbed mussel activity in response to the resulting increases in conspecific cues may lead to
relevant results in areas containing large mussel populations. The influence of biodeposits could
also depend on processing, meaning future work may need to explore if feces and pseudofeces
offer the same resources for benthic communities.
Environmental constraints may also influence NCE. For example, residing in nutrientrich waters may decouple connections between clearance and growth if mussel filtration is
limited by their physiology and not food availability. Ribbed mussels in the northeastern United
States also may not respond to predators because the growing season is short (May–September
depending on water temperature). Mussels cease feeding at water temperatures below 5 °C
(Huang and Newell 2002) and can continue feeding until 25–30 °C, though feeding may decline
at higher temperatures (Galimany et al. 2013; Borrero and Hilbish 1988). This may select for
mussels that feed whenever temperatures allow, despite predator presence. These constraints
may be even stronger for intertidal mussels, which have limited feeding opportunities compared
with their subtidal counterparts. Large-scale transplant or common garden studies would be
useful in untangling the impact of selection and environment on the ability of mussels to respond
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to predators, yet implementation of such studies in field settings may be constrained due to
concerns on mixing disease or genetic pools among regions.
Despite evidence from other studies that showed predator presence impacts traits like
growth over long-term exposure periods (Johnson and Smee 2012; Gosnell et al. 2017) and
changes how prey influence nutrient cycling (Premo and Tyler 2013), our findings correspond to
results showing no change in oyster filtration rates in the presence of predators (Dodd et al.
2018). A recent field study considering the effect of predation pressure on the mussel-cordgrass
mutualism also found caging mussels (and thus removing both consumptive and nonconsumptive effects of predators) did not change the growth of adjacent cordgrass (Winter and
Walters 2019), suggesting that mussel feeding and biodeposition, which is vital to this
mutualism, may not be influenced by predator presence. These results further suggest that NCE
may be overestimated in lab-based studies and difficult to translate to natural communities (Peers
et al. 2018; Kloskowski 2018), especially when connections between behavioral traits,
organismal traits, and population changes are considered (Sheriff et al. 2020).
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Table 2.1 Geukensia demissa, Experiment 1. Chi-squared and p-value from mixed-effect
models examining predator effects on mussels’ feeding traits per 1 g of dry ribbed mussel
tissue weight. Sample size of no cues, blue crab mud snails, and oyster drills of Experiment
1 were 29, 25, 26, and 27, respectively.
Experiment 1


p-value

Log (Clearance Rate) (L h )

5.05

0.17

Log (Filtration Rate) (mg h )

5.06

0.17

% Rejection Rate

3.37

0.33

Selection Efficiency (fraction)

3.26

0.35

Square root (Organic Ingestion Rate) (mg h )

3.04

0.39

Organic Content of Ingested Matter (fraction)

8.52

0.04

Square root (Absorption Rate of Organics) (mg h )

2.48

0.47

Square root (Absorption Efficiency for Ingested Organics) (fraction)

1.85

0.60

Log (Total Biodeposition Rate) (mg h )

5.23

0.15

Square root (Fecal Production Rate) (mg h )

0.60

0.89

Organic Content of Feces (fraction)

0.69

0.88

Pseudofecal Production Rate (mg h )

7.25

0.06

Square root (Organic Content of Pseudofeces) (fraction)

0.82

0.84

Variables
-1

-1

-1

-1

-1

-1

-1

55

Table 2.2 Experiment 2. Chi-squared and p-value from mixed-effect models examining
predator effects on mussels’ feeding traits per 1 g of dry ribbed mussel tissue weight.
Sample size of no cues, starved oyster drills, oyster drills that consumed mussels, and
injured conspecifics of Experiment 2 were 21, 22, 21, and 22, respectively.
Experiment 2


p-value

Log (Clearance Rate) (L h )

10.41

0.02

Log (Filtration Rate) (mg h )

10.37

0.02

% Rejection Rate

2.57

0.46

Selection Efficiency (fraction)

5.13

0.16

Square root (Organic Ingestion Rate) (mg h )

8.98

0.03

Organic Content of Ingested Matter (fraction)

4.28

0.23

Square root (Absorption Rate of Organics) (mg h )

6.81

0.08

Absorption Efficiency for Ingested Organics (fraction)

3.67

0.29

Total Biodeposition Rate (mg h )

7.30

0.06

Fecal Production Rate (mg h )

3.87

0.28

Organic Content of Feces (fraction)

0.96

0.81

Pseudofecal Production Rate (mg h )

7.40

0.06

Organic Content of Pseudofeces (fraction)

6.54

0.09

Variable
-1

-1

-1

-1

-1

-1

-1
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Figure 2.1 Experiment 1 clearance and biodeposition rate across treatments.
Means and 95% CI bars of standard (a) clearance and (b) total biodeposition rate of ribbed
mussels in each treatment in Experiment 1. Numbers below bars indicate sample size.
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Figure 2.2 Experiment 2 clearance and biodeposition rate across treatments.
Means and 95% CI bars of standard A) clearance and B) total biodeposition rate of ribbed
mussels in each treatment in Experiment 2. Numbers below bars indicate sample size. Asterisks
indicate significant differences existed among treatments.
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Appendix
Supplementary Figure 2.1. Schematic diagram of experiment set-up.
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Supplementary Figure 2.2. a) Photo of mussel in experimental setup. b) Photo of in-progress
trial.
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Supplementary Table 2.1. List of calculations of biodeposition and feeding variables.

Variable

Units

Calculation

Total Biodeposition Rate

mg h

total feces production + total pseudofeces production

Fecal Production Rate

mg h

feces dried at 70℃

Pseudofecal Production
Rate

mg h

pseudofeces dried at 70℃

Clearance Rate

lh

(fecal inorganic matter + pseudofecal inorganic matter) /
particulate inorganic matter

Filtration Rate

mg h

(fecal inorganic matter + pseudofecal inorganic matter) *
(total particulate matter / particulate inorganic matter)

Percent Rejection Rate

%

(pseudofecal production rate / filtration rate) * 100

Selection Efficiency

fraction 1 - (pseudofecal organic content / organic content of
seston)

Ingestion Rate of organic
matter

mg h

(filtration rate * organic content of seston) - pseudofeces
organic matter

Absorption Rate of
organic matter

mg h

ingestion rate - feces organic matter

Absorption Efficiency of
organic matter

fraction absorption rate / ingestion rate

-1

-1

-1

-1

-1

-1

-1
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25

20

0

26
23

20

30

26

26

27

0.1

0.0

-1

0.2

(mg h )

60

j

40
26
30
26

20

27

0
No cue

Blue Mudsnails Oyster
crab
drills

No cue

24
23

20

25
26

20

29
10

No cue

k
26
30
26

26

0.05
0.00
No cue

Cue source

24

25

26

27

0

0.10

Blue Mudsnails Oyster
crab
drills

28
5

h

0.4

0.15

10

g
26

0.20

d

0

0.0

(fraction)

i

24

0.2

0

Pseudofecal production

(fraction)

0.3

24

Pseudofecal organic content

0.0

24

0.2

0.6

(fraction)

5

Absorption efficiency

0.2

(mg h )

26

10
-1

0.3

24

Absorption rate

(fraction)

25
27

0.1

Fecal organic content
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Organic content

0.4

23

0.0

f

*

26

0.1

0

e

0.3

15

(mg h-1)

27

27

25
40

c

0.4

Fecal production

25

29

%

29

Rejection rate

(mg h-1)

Filtration rate

50

26

26

(fraction)

60

75

0.5

0.5

b
Selection efficiency

a

(mg h-1)

100

Organic ingestion rate

Supplementary Figure 2.3. Means and 95% CI bars of standard a) rejection rate, b) selection efficiency, c) ingestion rate, d) organic
content of ingested matter, e) absorption rate, f) absorption efficiency, g) fecal production, h) fecal organic content, i) pseudofecal
production, and j) pseudofecal organic content of ribbed mussels in each treatment in Experiment 1. Numbers above bars indicate
sample size. Numbers below bars indicate standardized effect size compared to treatment without predator cues.

Blue Mudsnails Oyster
crab
drills

Blue Mudsnails Oyster
crab
drills

20

0.2

10

5

0
40

21

22

22

21

0.1

0.0

14

15

16

j
21

22

20

21

22

10

0
No cue

Injured Starved Oyster drills
conspecifics oyster
that
drills consumed
mussels

(mg h-1)

16

No cue

d

*

10

5

h
16
15

0.4

14

15

0.2

15

10

21
22

5

0

k
21

0.10

22

21
21

0.05
0.00

Injured Starved Oyster drills
conspecifics oyster
that
drills consumed
mussels

No cue

Cue source

22

21

No cue

0.15

20

21

g

0.6

0.20

20

18

0

0.0

30

(mg h )

0.3

-1

i

Pseudofecal production

0.0

16

0.8

(fraction)

20

19
16

0.2

(fraction)

21

f

Absorption efficiency

18

0.4

15

0.0

Pseudofecal organic content

20

-1

0.4

(mg h )

15

Absorption rate

(fraction)

40

15

(fraction)
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Organic content

21

0

e

Fecal organic content

21

20

0
0.6

0.2

22

c

(mg h-1)

22

0.6

Fecal production

21

b
21

%

21

21

Rejection rate

(mg h-1)

Filtration rate

40

60

(fraction)

*

Selection efficiency

*

a
60

Organic ingestion rate

Supplementary Figure 2.4. Means and 95% CI bars of standard a) rejection rate, b) selection efficiency, c) ingestion rate, d) organic
content of ingested matter, e) absorption rate, f) absorption efficiency, g) fecal production, h) fecal organic content, i) pseudofecal
production, and j) pseudofecal organic content of ribbed mussels in each treatment in Experiment 2. Numbers above bars indicate
sample size. Numbers below bars indicate standardized effect size compared to treatment without predator cues.
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CHAPTER THREE
Fear changes traits and increases survival: a meta-analysis evaluating the efficacy of antipredator
training in captive-rearing programs
Manuscript submitted for review.
Abstract
Captive-rearing is commonly used to support efforts to restore extirpated or diminished
wild populations. Many rearing programs include antipredator training in an effort to reduce
post-release mortality due to predation, but the value these programs add to restoration efforts is
not fully understood. Analysis of antipredator training impacts often focus on changes in prey
following training and not the actual effects when prey are exposed to predators. Studies also
commonly assess prey traits instead of fitness. However, changes in prey following training or in
prey traits may not translate to the desired increases in fitness upon release. To consider these
relationships, we identified studies that analyzed changes in organisms following both training
and lethal exposure to predators. Notably, we identified only 12 studies that analyzed outcomes
in both training and lethal exposure settings and found the majority of measurements focused on
traits. Although meta-analysis indicated that antipredator training changed prey traits and
increased prey survival, relationships between changes in traits and fitness could not be assessed
given the rarity of studies that included both outcomes. While these results support the general
use of antipredator training, they also suggest that trait changes cannot be reliably used as
proxies for fitness impacts. Future work should seek to more clearly measure impacts on fitness
and determine when changes in traits can truly be used as a surrogate for training efficacy. These
issues reflect recent concerns regarding research on non-consumptive effects and highlights
potential avenues for future collaborative research on fear.
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Introduction
Captive-rearing is the only option available to provide the organisms needed to restore
populations that are fully extinct in the wild (Wilson & Price 1994). Captive-rearing may also be
used, along with the movement of organisms from other populations (translocations), to restore
extirpated populations or supplement populations that face issues associated with low population
sizes (Sanz & Grajal 1998; Griffiths & Pavajeau 2008). However, captive-reared organisms may
not have the same traits as wild animals due to genetic changes across generations (Williams &
Hoffman 2009; Christie et al. 2012) and different experiences during development (Geffroy et al.
2020). As a result, organisms released from captivity often have lower fitness than wild-born
organisms (Christie et al. 2012). This has led to efforts focused on increasing fitness of
captively-reared organisms through organism selection (Frankham et al. 1986; Miller et al.
2010), pre-release conditioning tactics (Tetzlaff et al. 2019), nutritional support both during
captivity and upon release (supplementation), selection and possible modification of release
locations to ensure they offer optimal habitats for organisms (Fraser 2008), and prey support
methods such as soft-release techniques (Resende et al. 2021).
A common cause of post-release mortality is predation (Sinclair et al. 1998; McPhee
2004). While solutions include selecting areas with reduced predation risk (Halsey et al. 2015;
Bannister et al. 2020) or active predator removal (Friend & Thomas 1994; Moseby et al. 2016),
another option is to condition prey to better avoid predation (Reading et al. 2013). This may be
accomplished by exposing naive prey, possibly along with experienced conspecifics (Gaudioso
et al. 2011; Griesser & Suzuki 2017), to predator and possibly other alarm cues in sublethal
encounters where prey may see, hear, or smell predators or predator cues but not face the actual
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risk of consumption (Griffin et al. 2000). This training can lead to the development of antipredation traits (e.g., Mirza & Chivers 2003; de Oliveira Mesquita & Young 2007; West et al.
2018) or allow prey to learn to respond to predators either by observing peers (Arai et al. 2007;
Alfieri & Dugatkin 2009; Gaudioso et al. 2011; Griesser & Suzuki 2017) or by associating
predator presence with other alarm cues (Berejikian et al. 1999; Vilhunen 2006). This type of
training is commonly called antipredator training, and is also referred to as predator-avoidance
training (Moseby et al. 2012; Edwards et al. 2020), predator exposure training (West et al. 2018),
predator recognition training (Ross et al. 2019; Tay et al. 2021), and predator awareness training
(Rowell et al. 2020).
Exposing organisms that are destined for release to stressful encounters with predators or
alarm cues may seem counter-intuitive. These encounters may lead to reductions in growth or
other physiological effects, including death (McCauley et al. 2011), which many captive-rearing
programs try to avoid (Gosnell & Gaines 2012; Bowler et al. 2013). However, changes in prey
traits following predator exposure may serve to reduce predation-related mortality and overall
predator effects on populations upon release (Gaynor et al. 2021). For example, the
ontogenetically predator-naive burrowing bettong (Bettongia lesueur) increased antipredator
behaviors (flight initiation distance, trap docility, and behavior at feeding trays) after 18-month
sublethal exposure to feral cats (West et al. 2018). Past reintroduction of burrowing bettongs
(without training) outside of predator-free exclosures has failed due to predation (West et al.
2018). If responses like this reduce the chances prey die from predation following release,
exposing prey to predator cues while in captivity or during soft-releases may allow appropriate
responses or behaviors to develop and thus decrease post-release mortality (Gaynor et al. 2020;
Resende et al. 2021). For these reasons, antipredator training is one of multiple conditioning
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approaches now integrated into many captive-rearing programs (Griffin 2004; Tetzlaff et al.
2019). The benefits of antipredator training have even been considered for organisms that may
be in captivity for multiple generations (Geffroy et al. 2020) or are intended for human capture
post-release, such as hatchery-raised scallops (Brokordt et al. 2011), fish (Brown & Day 2002),
or oysters (Belgrad et al. 2021).
Despite its growing use, the true impact of antipredator training is not well-understood
(Tetzlaff et al. 2019; Rowell et al. 2020). Many studies of these training programs focus on
changes in prey traits following either sublethal exposure to risk cues or, more rarely, upon
release into areas when prey may actually encounter predators and predation-related mortality.
Although measuring changes in prey traits, especially following training, may be easier than
measuring fitness-related measures, changes in prey traits may not actually correspond to desired
changes in population growth (Sheriff et al. 2020). Changes following training also may not
correspond to impacts upon release or exposure to predators (Kloskowski et al. 2018; Pruett &
Weissburg 2019). Once released into the wild, organisms face a variety of stressors. Variation in
these factors and cue levels might influence survival more than, or interact with or even override,
the threat of predation. Food (Matassa et al. 2016) and shelter availability (MacKay et al. 2021),
for example, may lead to prey traits that appeared in lab studies not developing in the wild or
having little impact on organism fitness. Success may also depend on factors such as the
evolutionary relationship between predator and prey (Griffin et al. 2000).
A better understanding of the impact of antipredator training on trait and fitness outcomes
measured at different stages, and the relationship among these effect sizes, would be useful in
determining when training programs are working and how these programs should be structured
and evaluated. For example, understanding if changes in prey traits following training are

67

correlated to increases in fitness upon release would benefit programs since measuring these
traits is often more practical than fitness following release. To consider these issues, we
identified peer-reviewed papers that measured both training outcomes (changes in prey traits or
fitness-related outcomes measured following antipredator training) and lethal exposure outcomes
(changes in prey traits or fitness-related outcomes measured after prey were exposed to
potentially lethal encounters with predators) and conducted a meta-analysis of effect sizes. The
use of meta-analysis has been growing in the field of ecology as a tool to review limited
individual data as a whole to answer various hypotheses and questions (Harrison 2011;
Koricheva & Gurevitch 2014). By allowing general outcomes and moderators to be explored, a
meta-analysis approach may also allow findings to be extended to species that may not have
been focused on in the past and that may be the focus of new captive-rearing activities. We also
analyzed relationships among effect sizes focused on training and fitness and those taken
following training and lethal exposure to predators. Our analysis aimed to answer the following
questions: (1) are antipredator training programs effective at eliciting changes in prey traits, (2)
are antipredator training programs effective at increasing prey fitness, and (3) are changes in
traits and fitness following training or lethal exposure related?

Methods
Literature search and data extraction
We conducted the meta-analysis using standard approaches (Harrison 2011; Tetzlaff et al.
2019; Nolan et al. 2021) to ensure appropriate studies were identified and analyzed. We focused
on published studies involving organisms born or reared in captivity, or naive prey, to eliminate
impacts of predator-exposure history (Martin 2014). To be included in our meta-analysis, studies
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of these naive prey must have included control and treatment groups that were first exposed to
predator cues in sublethal training encounters (i.e., the prey encountered predator cues but not
the risk of consumption). After impacts of these sublethal cues on prey responses (training
outcomes) were noted, these same groups must have been exposed to potentially lethal-contact
with predators (in lab or field settings) so that differences in outcomes among groups could be
considered.
We searched for peer-reviewed articles that met these criteria by using Publish or Perish
(Harzing 2007) to locate articles indexed on Google Scholar on 10 July 2020 using the following
key words individually and in combination: "predator‐recognition training", "predator
conditioning", "predator discrimination", "learning of predator cues", "controlled predator
exposure", "predator awareness", "predator stress-induced", "predator association", and "predator
training". We also searched for articles that contained the words “predator” and “training”
separated by less than 6 words. These various searches allowed us to identify studies that used
multiple terms to describe antipredator training.
Two reviewers were randomly assigned to review each of the returned articles to
determine if they met our criteria. We then extracted data from the articles that met our criteria.
Compiled information for each article included the purpose and intention of the captive-rearing
program (reintroduction, supplementation, harvest), the system (marine, brackish, freshwater,
terrestrial, aerial), the identity of the prey and predator(s) used, conservation status of the prey,
predator life history with prey (endemic or novel relationship), and study setting (lab or field) for
both the sublethal and lethal exposure components. We also noted the type of cues used in the
training program (visual, chemical/olfactory, tactile, visual+chemical/olfactory,
chemical/olfactory+tactile) and whether prey traits (e.g., behavior, morphology) or fitness-
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related measures (e.g., survival, morality) were measured. We noted sample sizes, replicates,
mean responses, and deviation measures for each treatment group and trait response measured in
a study. All data were extracted independently by two reviewers and checked for accuracy prior
to calculating effect sizes. We used Web Plot Digitizer (Rohatgi 2021; version 4.5,
https://automeris.io/WebPlotDigitizer) to extract numerical data from graphs as needed.

Data analysis
Given the variety of measures used in the collected studies, we calculated effect size
using Hedges’ g (Tetzlaff et al. 2019; Nolan et al. 2021). Hedges’ g is defined as the difference
in mean outcomes between two independent groups divided by the pooled and weighted standard
deviation (Enzmann 2015). Hedge’s g effect sizes of 0.2, 0.5, and 0.8 were considered small,
medium, and large, respectively. All effect sizes were calculated as the trained group minus the
control group. We calculated independent effect sizes for each training and lethal exposure
outcome that were reported in a study (referred to hereafter as sub-studies). In studies where
multiple treatment groups were compared to the same control group, we also calculated the
effect sizes for each comparison independently. When studies had data for one trait measured at
multiple time points, we focused on the last time point of the trait to avoid over-representing the
trait and study in our database. We used the last time point as we assumed individual researchers
had chosen this point as the time where maximum impacts of treatments could be noted.
Evidence also indicates that some responses, such as morphological changes, may take longer to
manifest to a point where they can be measured (Gosnell et al. 2021).
When studies measured changes in prey traits, we focused on changes in responses
between treatment (predator-exposed) and control (not exposed to predator) groups by analyzing
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the absolute values of effect sizes. This considers the fact that the direction and magnitude of the
difference in mean response can be positive or negative for each trait (i.e., some traits may get
larger/longer with predators, while others get smaller/shorter) (Preisser et al. 2005; Preisser &
Bolnick 2008). Absolute effect size thus only indicates that a trait differed among the trained and
control groups.
For changes in fitness, we standardized outcomes by making increases in fitness positive
and decreases negative (e.g., decreases in mortality were positive, increases in survival were
positive), meaning positive standardized effect sizes indicate an increase in fitness for the trained
group.
After effect sizes were calculated and corrected as noted above, we determined if the
mean effect size differed from zero. We analyzed the mean corrected effect sizes by fitting a
multivariate random effects model with the restricted maximum likelihood method to account for
between-study variance and heterogeneity while also noting the non-independence among substudies associated with a given article. We assessed the contribution of each sub-study to overall
effect size and relationship between effect size estimates and precision using ordered forest
(caterpillars) plots and recently-developed orchard plots (Nakagawa et al. 2021). Orchard plots
include prediction intervals, or plausible effect sizes for future studies, for the mean effect sizes,
which might be especially useful for practitioners. Orchard plots may also allow relationships
between the effect sizes and precision of sub-studies and mean effect sizes to be more easily
visualized than traditional forest plots since the studies are randomly sorted on the y-axis to
avoid overlap while also minimizing spread. These plots and funnel plots were also used to
assess the collected data for outliers.
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We also determined if heterogeneity existed in effect sizes using an I2 and Q test (HuedoMedina et al. 2006). An I2 statistic of 25%, 50%, and 75% would be considered as low,
moderate, and high amounts of heterogeneity, respectively (Higgins et al. 2003). If heterogeneity
in effect sizes were noted, we conducted meta-regression using a mixed-effects model to
determine if cue type (e.g., visual, chemical, olfactory, tactile), prey conservation status (based
on International Union for Conservation of Nature), predator-prey long term evolutionary history
(e.g., endemic or novel relationship), system (e.g., marine, freshwater, terrestrial, aerial), study
type (i.e., did lethal exposure to predators take place in the field or lab), program purpose (e.g.,
supplementation, reintroduction, harvest), or prey taxa (class of prey: fish, mammal,
invertebrate) explained variation in effect sizes (Harrison 2011). The ability of moderators to
explain heterogeneity in effect sizes was tested using a Q test (Viechtbauer 2010; Schafft et al.
2021).
We also attempted to consider relationships among changes in prey traits and fitness
during sublethal and lethal exposure experiments. Given that studies differed in the number of
data points (sub-studies) they provided, we calculated the mean absolute effect size for each
study for changes in prey traits following training and sublethal exposure and the mean
standardized effect size for each study for changes in prey fitness following training and
sublethal exposure. We then regressed these mean effect sizes against each other, leading to
analysis of five possible relationships: trait outcomes following training versus trait outcomes
following lethal exposure; fitness outcomes following training versus fitness outcomes following
lethal exposure; trait outcomes following training versus fitness outcomes following lethal
exposure; trait outcomes following lethal exposure versus fitness outcomes following lethal
exposure; trait outcomes following training versus fitness outcomes following training. All
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analysis was completed in R version 4.1.0 (R Core Team 2021) and evaluated at a critical alpha
value of 0.05.
We calculated effect sizes for extracted data using the metafor (Viechtbauer 2010) and
esc packages (Lüdecke 2019) and analyzed effect sizes using the metafor and dmetar (Harrer et
al. 2021) packages. We also employed the reshape2 package (Wickham 2007), orchard and
caterpillar plots were created using the orcharRd package (Nakagawa et al. 2021). R code is
available upon request.

Results
Overview of studies
Our literature search returned 5965 entries and was narrowed down to 3276 entries after
removing books, citations, and duplicates. After review, however, we identified only 12 peerreviewed studies that fit the criteria of measuring both training and lethal exposure outcomes. An
overview of the 12 studies can be found in the Appendix (Supplementary Table 3.1). Focal
organisms include those for use in restoration, harvest, and basic research programs with a
variety of conservation statuses. These 12 studies provided data from 117 sub-studies. The
majority of the studies evaluated prey traits after training (n = 53) or following lethal exposure (n
= 40). Most traits analyzed were behavioral (n = 84). Only 24 evaluated fitness-related outcomes,
with 8 measuring these outcomes following training and 16 following lethal exposure. All
fitness-related traits focused on survival.

Training outcome analysis
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We extracted data from 61 sub-studies that considered impacts on training outcomes. Of
these, 53 measured changes in prey traits. Exposure to predators resulted in significant impacts
with moderate to strong effect sizes on traits following training (absolute mean effect size
estimate = 0.6775, p = 0.008) (Figure 3.1A). As expected, higher effect sizes were associated
with studies that also had lower precision, and removing studies with effect sizes >5 did not
qualitatively change our results (absolute mean effect size estimate = 0.645, p = 0.0003). These
studies were also weighted less in calculating the overall mean effect size. We found a high
amount of heterogeneity in effect sizes (I2 = 92.0%), with 76.18% of the variation occurring
between studies. Similarly, a Q test indicated significant heterogeneity in effect sizes (Q 52 =
590.753, p < 0.001). Heterogeneity was not unexpected given our studies considered multiple
species and systems (Senior et al. 2016). However, none of the moderators explained a
significant amount of the variation in effect sizes.
Exposure to predators during training also had a significantly moderate positive impact
on the 8 fitness outcomes measured following training (standardized mean effect size = 0.4302, p
= 0.044, Figure 3.1B). We again noted heterogeneity in effect sizes (Q7 = 20.078, p = 0.0054; I2
= 80.93%, with all of the variation occurring within studies). None of the moderators we tested
explained a significant amount of the variation in effect sizes (Table 3.1). Impact of trait type and
predator-prey life history on fitness-related traits from training outcomes could not be evaluated
given lack of variation among studies.

Lethal exposure outcomes analysis
We extracted data from 56 sub-studies that considered impacts on lethal exposure
outcomes. Of these, 40 measured changes in prey traits. Although prey traits showed no
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significant differences between the control and trained groups upon potentially lethal exposure to
predators (p = 0.077), effect sizes indicated a potentially strong impact (standardized mean effect
size = 0.8694) (Figure 3.1C). Higher effects size estimates were again associated with studies
that had lower precision, and removing outliers (studies with absolute value of effect sizes
greater than 5) did not change the direction of results but did impact statistical significance
(standardized mean effect size = 0.674, p = 0.033). Effect sizes associated with lethal exposure
outcomes also showed high heterogeneity (I2 = 98.31%), but only 24.48% of the variation
occurred among studies. High heterogeneity (Q39 = 616.868, p < 0.0001) was also indicated by a
Q test. Cue type explained a large amount of variation in effect sizes, with the presence of
predators in water leading to larger responses (Table 3.1). Trait category also explained a
significant amount of variation, with behavioral traits having a larger difference between trained
and control groups than morphological (Table 3.1).
Antipredator training also had a moderate positive impact on the 16 fitness outcomes
measured following lethal exposure (standardized mean effect size = 0.47, p = 0.009). We again
noted heterogeneity in effect sizes (Q15 = 29.047, p = 0.015; I2 = 76.03%), with 63.79% of the
variation occurring between studies. IUCN status explained a significant amount of variation in
effect sizes. Species that were endangered or that had not been evaluated had higher effect sizes
than other groups (Table 3.1). Project purpose also explained a significant amount of variation,
with programs focused on other (non-reintroduction, non-supplementation, non-harvest)
purposes having the largest effect size (Table 3.1). Prey taxa also explained a significant amount
of variation, with one study on invertebrates (wolf spiders) having the highest effect sizes (Table
3.1).
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Relationships among fitness and training outcomes
After calculating the mean effect sizes for each study, we found too few of the studies
included trait and fitness measures across training and lethal exposure outcomes to appropriately
assess relationships. Sample sizes varied from 0 to 8 for all possible relationships. Preliminary
analysis, however, indicated no significant relationships among any effect sizes.

Discussion
A major outcome of our analysis was noting the lack of studies that assessed outcomes
both after training and following lethal exposure. We also noted that measurements of trait
outcomes were much more common than those related to fitness. Despite these data limitations,
our results suggest that antipredator training changes prey traits and increases prey fitness. These
results follow recent findings that indicate antipredator training can improve survival (Tetzlaff et
al. 2019). These outcomes suggest that fear (or intimidation) can be a powerful tool in shaping
how prey perceive, respond to, and are impacted by predators or potential threats (Preisser et al.
2005). However, the small number of studies that considered all of these outcomes did not allow
for further analysis of relationships among trait and lethal exposure outcomes. This is important
as it suggests that the mechanism linking changes in prey traits to prey fitness is not resolved.
Understanding this mechanism is central to both designing antipredator training programs and
predicting impacts of antipredator training using trait outcomes.
The lack of studies analyzing outcomes after both training and lethal exposure may arise
for multiple reasons. Given the need for sequential sublethal exposure, testing, lethal exposure,
and testing, combined studies may take multiple seasons or years to conduct and encounter
multiple issues. This may explain why studies of antipredator training and non-consumptive
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effects (Sheriff et al. 2020) often focus on the training outcomes, as training must occur prior to
measuring lethal exposure outcomes. The long time frame needed to measure both outcomes
may also mean researchers can only focus on a single outcome for a given study, and our
selection criteria would not have included articles with results spread across two publications.
Other factors related to our literature search and collected studies could have influenced our
results. We note a lack of focus on non-indexed (i.e., the grey literature) papers and those written
in a language other than English.
Prey can also be easily measured or assessed directly following sublethal exposure, while
measuring lethal exposure outcomes may be more difficult. Researchers' ability to track prey is
limited when the prey is released into the wild (Gaudioso et al. 2011), contributing to the overall
difficulty in measuring and comparing lethal exposure outcomes (Lind & Cresswell 2005). Some
captive-reared populations are also not able to be restored or exposed to predators due to
protection or habitat issues. Even when lethal exposure outcomes may be measured by exposing
prey to predators in controlled settings, these settings may obscure the true impacts of predator
training given naturally occurring variation in factors such as food and shelter availability. Some
measurements may also preclude measuring both training and lethal exposure outcomes. For
example, any measurements that rely on sacrificing organisms obviously preclude measurement
of future lethal exposure outcomes (Wang et al. 2020). When researchers find no impact from
antipredator training in original or pilot studies, they also may be less likely to measure lethal
exposure outcomes, exacerbating the lack of studies looking at prey following release or
exposure to predators (de Faria et al. 2020; Jolly et al. 2020).
These same issues also likely contribute to the tendency to measure prey traits as opposed
to fitness-related outcomes. We noted only 24 fitness-related measures in our studies as opposed
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to 93 measures related to prey traits. This corroborates with a review by Edwards et al. (2020)
who found only a third of the studies they collected measured how training affects survival, and
another review by Rowell et al. (2020) who had only 37.5% of the studies monitor survival of
released trained prey. Changes in fitness may also be hard to note following sublethal exposure,
as outcomes may not be evident except over a longer time span or until organisms actually
encounter predation.
These findings relate to the larger study of how fear impacts organisms and communities.
While studies of predator-prey interactions have historically focused on how predators affect
prey through consumption, the past two decades have seen a surge in studies focused on how the
presence of predators impact prey (Preisser et al. 2005; Peckarsky et al. 2008). The perceived
risk of predation can impact the behaviors, growth, morphology, and development of prey
(Preisser & Bolnick 2008; Matassa & Trussell 2011). When these changes in prey traits impact
prey survival, reproduction, or overall population size, the changes in fitness are known as nonconsumptive effects (NCE). NCE may be as strong as consumptive effects (Preisser et al. 2005)
and have major consequences on species distributions, community assemblages, and ecosystem
functioning (Schmitz et al. 2008; Kraus & Vonesh 2010; Matassa & Trussell 2011). However,
recent work has noted that lab-based findings may not translate to changes under field conditions
(Peers et al. 2018; Kloskowski 2018; Gravem & Morgan 2019; Sheriff et al. 2020) and voiced
concerns regarding the lack of studies of NCE in natural settings focused on fitness as opposed to
lab studies (Zanette & Clinchy 2019; Sheriff et al 2020). A recent meta-analysis also noted only
10 studies that clearly connected trait responses to changes in population dynamics (Sheriff et al.
2020), similar to our findings of low measures of fitness.
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Merging research on antipredator training and NCE could expand our general
understanding of how prey perceive and respond to predators and help guide antipredator
training programs. For instance, synthesizing these efforts could expand focal taxa used in the
studies. NCE work tends to focus less on terrestrial vertebrates (Zanette & Clinchy 2019), though
these are often the “charismatic” organisms that reintroductions focus on. Likewise, large-scale
studies with non-threatened organisms, such as those often used in NCE research, may be useful
in refining guidance for training programs focused on threatened organisms that allow for less
trial and error in program design. Given the focus on how organisms perceive and respond to
cues (Sih et al. 2010; Weissburg et al. 2014), consulting NCE research may aid in efforts to
design training programs. Analysis of NCE work may also offer guidance on the systems in
which fear effects may be most important (Buchanan et al. 2017). The release of trained and untrained organisms may also provide one of the best tests of whether responding to predator cues
actually impacts prey fitness and resulting population dynamics, and supplementation programs
may also offer chances to consider how resource dynamics influence the importance of fear
(Matassa et al. 2016). Similar synergies have already been noted in restored reintroduced
predators studies (Laundré et al. 2001; Sand et al. 2021), and the need to better integrate NCE
into management regimes has been noted (Zanette et al. 2011). Oftentimes, however, these calls
are made without specific references to the co-existing fields (Belgrad et al. 2021).
Although prey taxa did not explain the heterogeneity in all of the training and lethal
exposure outcome data, many of the outliers (large effect sizes) found in the orchard plots
(Figure 3.1A) were from studies that used fish as the prey. Studies of hatchery-reared fish
represented more than half of the studies (8 out of 12 prey) that were examined in this metaanalysis. This proportion is not unexpected. Fish are commonly bred for both enhanced
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harvesting and reintroduction purposes and may produce a large number of offspring compared
to other organisms (Edwards et al. 2020). These combined facts may make them optimal
candidates for considering the full impact of antipredator training. However, fish may not
respond to cues in the same manner as other organisms. Studies have found a lack of memory
retention may not allow hatchery-reared fish to recognize predators after training (Brown et al.
2013; Archer & Crowl 2014). Fish may also have specific (and oftentimes narrow) windows
during which they respond to cues that differ from other organisms (Brown et al. 2013; Kaneko
et al. 2019). For example, Mitchell & McCormick (2013) found that spiny chromis are more
likely to learn and respond to the conditioned cues during the developmental stage, which imply
that prey may have a difficult time responding to different pairings of cues that they are not used
to.
Surprisingly, we found that antipredator training did not lead to decreases in fitness
following training (Figure 1B). Instead, we found training was associated with increased
survival. Such decreases may have been expected as detecting and responding to predators
requires energy that could otherwise be allocated to activities like foraging or to growth that
could directly increase reproductive potential (Geffroy et al. 2020). Although our results are
based on a small sample size, these findings indicate costs of training related to prey mortality
may be minimal. However, these findings could also be due to a filtering process if training led
to the loss of less fit organisms in general.
Current data therefore suggests that antipredator training programs may actually lead to
the desired decreases in predator-related mortality upon release and be associated with minimal
negative impacts due to training. As a result, antipredator training could play a key part in
increasing restoration success rates and aiding large-scale efforts such as the UN Decade on

80

Ecosystem Restoration. However, more research is needed to fully justify the inclusion of
antipredator training in rearing programs. Focused work on antipredator training that measures
trait and lethal exposure outcomes may further support the use of the technique and aid in
determining which, if any, changes in prey traits can be tied to increases in fitness. A more
standardized approach to monitoring fitness would also be useful, though this is admittedly
difficult given differences among species and issues with monitoring released organisms. Even if
training increases survival of released organisms and results in increased fitness immediately
following training, these gains must be balanced against any possible overall decrease in the
number of organisms a program can produce due to the time, space, and labor needed to conduct
antipredator training. Research collaborations with those studying fear under multiple names
would aid in addressing these issues and guide the future implementation of antipredator training
programs so that restoration programs can allocate effort efficiently and see the needed positive
restoration outcomes occur sooner.
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Table 3.1 Relationship between potential moderators and prey training (absolute) and lethal exposure
outcomes (standardized) effect sizes. Significant p-value (< 0.05) highlighted in bold. NA indicates that
relationships could not be considered due to lack of variation among studies. QM = statistic resulting from
Q test determining if moderator coefficients were equal to 0; df = degrees of freedom associated with the
test.
Training outcome
(prey traits)
Moderators

QM

df p-value

Training outcome
(fitness)
QM

df

Lethal exposure
outcome (prey traits)

p-value

QM

df p-value

Lethal exposure
outcome (fitness)
QM

df p-value

Cue type

2.4826 5

0.7791

0.0741 1

0.7855

19.1284 3

0.0003

2.8218

5

0.7274

Study system

0.2316 2

0.8906

0.0741 1

0.7855

1.2891

3

0.7317

1.2750

2

0.5286

Study type

0.3738 1

0.5409

0.0741 1

0.7855

2.0668

1

0.1505

0.0754

1

0.7837

Prey conservation
status

3.3657 3

0.3386

1.9725 2

0.3730

0.8015

3

0.8491

15.0656

4

0.0046

Program purpose

1.4926 3

0.6840

0.0865 2

0.9577

1.6932

3

0.6384

11.5677

3

0.0090

Geographic
location

3.7383 8

0.8799

0.5603 3

0.9055

4.8435

5

0.4353

13.5428

7

0.0599

Trait type

1.3821 1

0.2397

NA

NA NA

11.8786 1

0.0006

0.4879

1

0.4848

Predator-prey
relationship history

0.8564 1

0.3547

NA

NA NA

0.0613

1

0.8045

0.9598

1

0.3272

Prey taxa

0.4087 3

0.9384

0.0741 1

0.6939

2

0.7068

10.7304

3

0.0133

0.7855
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Figure 3.1 Orchard plots from training and lethal exposure outcomes.
Orchard plots of A) changes in traits (absolute mean effect sizes) following training, B) differences in fitness
(standardized mean effect sizes) following training, C) changes in traits (absolute mean effect sizes) following
lethal exposure to predators, and D) differences in fitness (standardized mean effect sizes) following lethal
exposure to predators for each sub-study. All comparisons are structured as mean from the trained group minus
mean from the untrained group. Mean estimate line indicates the mean effect size (square) along with
confidence (bold bar) and prediction (thin bar) intervals. Points (circular) indicate effect size estimates and
precision from included studies. k indicates the number of datasets included in the analysis. Caterpillar plots
(forest plots with studies ranked by increasing effect) that include data sources and data tables are available in
Supplementary Figure 3.1.
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Appendix
Supplementary Table 3.1 Overview of the 12 studies used in the meta-analysis including geographic location, system (FW = freshwater, MR =
marine, TR = terrestrial, AR = aerial), Latin and common name of prey, prey taxa, prey conservation status (NE = not evaluated, LC = least
concern, EN = endangered, NT = not threatened, VU = vulnerable), program purpose (O = other, H = harvest, R = reintroduction, S =
supplementation), Latin and common name of predator, prey-predator life history, cue type (PW = presence in water, VS = visual, CH =
chemical, OF = olfactory, TC = tactile), location where training and fitness outcomes were measured, and number of sub-studies from each
study.
Number of Sub-Studies

Study

Geographic
Location

Alfieri &
La Crosse, WI,
Dugatkin 2009 USA

Prey Latin
System Name

Prey
Common
Name

Prey
Taxa

Prey
IUCN Program Predator
Status Purpose Latin Name

fish

NE

FW

Poecilia
reticulata

guppy
white sea
bream

fish

Barrens
Topminnow fish

D'Anna et al.
2012

Sicily, Italy

MR

Diplodus
sargus

Farnsley et al.
2018

Chattanooga,
TN, USA

FR

Fundulus
julisia

PredatorPrey Life Cue
History
Type

Training
Location

Fitness
Location

Prey Fitness Prey Fitness
Traits Traits Traits Traits

Micropterus
salmoides

largemouth
bass

endemic

PW

aquarium

lab

0

1

0

1

LC

H

Conger
conger

conger eel

endemic

VS

aquarium

field

4

0

4

0

EN

R

Gambusia
affinis

Western
Mosquitofish novel

PW

lab

field

1

0

0

1

endemic

VS

hatchery

field

0

1

2

1

5

0

0

1

18

0

1

0

AR

red-legged
Alectoris rufa partridges

avian

NT

H

Accipiter
gentilis,
goshawk,
Homo sapiens human

avian

VU

R

Vulpes vulpes red fox

endemic

VS

enclosure

field

hatchery

lab

Heezik et al.
1999

Saudi Arabia

TR

Chlamydotis
macqueenii

Kopack et al.
2015

Fort Collins,
CO, USA

FW

Oncorhynchus rainbow
mykiss
trout

fish

NE

S

Salmo trutta

brown trout

endemic

CH

Moseby et al.
2012

Arid Recovery
Reserve,
Australia

TR

Macrotis
lagotis

greater
bilby

marsupial VU

R

Felis catus

feral cats

endemic

VS+OF
+TC
reserve

field

5

0

3

1

Persons &
Eiben 2007

Selinsgrove,
PA, USA

TR

Rabidosa
rabida

rabid wolf
spider

wolf spider

endemic

CH+VS
+C
lab

lab

3

0

0

3

Smirnova &
Gerasimov
2010

Russia

FW

Rutilus rutilus roach

Trippel et al.
2018

Webster, FL,
USA

Helsinki,
Vilhunen 2006 Finland
Zhao et al.
2006

Saskatchewan,
Canada

houbara
bustards

Lethal exposure
Outcome

O
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Gaudioso et al.
2011
Leon, Spain

Training
Outcome

Predator
Common
Name

spider

NE

O

Pardosa
milvina

fish

LC

O

Perca
fluviatilis

perch

endemic

PW

aquarium

lab

0

1

15

0

Florida
largemouth
bass,
bowfins

endemic

PW

hatchery

lab

6

5

0

6

FW

Micropterus
salmoides
floridanus

Florida
largemouth
bass
fish

LC

S

Micropterus
salmoides
floridanus,
Amia calva

FW

Salvelinus
alpinus

Arctic charr fish

LC

S

Sander
lucioperca

pikeperch

endemic

CH

lab

lab

1

0

0

1

FW

Carassius
auratus

goldfish

LC

O

Esox lucius

pike

novel

CH

aquarium

lab

10

0

15

0

fish

Supplementary Figure 3.1 Caterpillars plots (forest plots with studies ranked by increasing effect size) of A)
changes in traits (absolute mean effect sizes) following training, B) differences in fitness (standardized mean
effect sizes) following training, C) changes in traits (absolute mean effect sizes) following lethal exposure to
predators, and D) differences in fitness (standardized mean effect sizes) following lethal exposure to predators
for each sub-study. All comparisons are structured as mean from the trained group minus mean from the
untrained group. k indicates the number of datasets included in the analysis. Numbers next to each line
correspond to data in Supplementary Tables 3.2 (for plot A), 3.3 (for plot B), 3.4 (for plot C), and 3.5 (for plot
D). Color of the points indicates the original manuscript (colors not shared among subplots). Diamond
represents mean estimate (center) and confidence interval (ends); whiskers extending from diamond are
prediction intervals.
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Supplementary Table 3.2. Absolute mean effect sizes of prey traits from training outcomes for each substudy.
Sub-Study
Number Study

Trait

Absolute Effect Sampling
Size
Variance

1

D'Anna et al. 2012

mean flight initiation distance with refuge

0.9339615866

0.003286031202

2

D'Anna et al. 2012

mean light initiation distance without refuge

1.205992144

0.003501635945

3

D'Anna et al. 2012

mean shelter time with refuge

0.3397194708

0.006762841099

4

D'Anna et al. 2012

mean shelter time without refuge

0.3621905664

0.006775985005

5

Farnsley et al. 2018

change in activity

0.6180821455

0.09127366363

6

Heezik et al. 1999

index values

0.4577927063

0.102619677

7

Heezik et al. 1999

prone

0.418924591

0.1021937227

8

Heezik et al. 1999

run

0.8832374518

0.109751355

9

Heezik et al. 1999

stand

0.1564898977

0.1003061136

10

Heezik et al. 1999

walk

0.1634274725

0.1003338567

11

Kopack et al. 2015

blocks explored after alarm cue

1.266538568

0.1500643741

12

Kopack et al. 2015

blocks explored after alarm+pred cue

1.202616204

0.1475982146

13

Kopack et al. 2015

blocks explored after pred cue

1.407600957

0.1559584446

14

Kopack et al. 2015

PC1 (increase in antipredator behavior) after alarm cue

1.494623378

0.1599046725

15

Kopack et al. 2015

PC1 (increase in antipredator behavior) after alarm+pred cue 1.238251071

0.1489572768

16

Kopack et al. 2015

PC1 (increase in antipredator behavior) after pred cue

1.064106862

0.1426925533

17

Kopack et al. 2015

proportion of time frozen after alarm cue

11.42258577

2.163679152

18

Kopack et al. 2015

proportion of time frozen after alarm+pred cue

1.179142559

0.1467246433

19

Kopack et al. 2015

proportion of time frozen after pred cue

7.289668242

0.9553009856

20

Kopack et al. 2015

proportion of time position after alarm cue

1.965995972

0.185392815

20

Kopack et al. 2015

proportion of time position after pred cue

1.965995972

0.185392815

21

Kopack et al. 2015

proportion of time position after alarm+pred cue

1.597166109

0.1648584309

22

Kopack et al. 2015

proportion of time position after alarm cue

1.965995972

0.185392815

22

Kopack et al. 2015

proportion of time position after pred cue

1.965995972

0.185392815

23

Kopack et al. 2015

proportion of time shade after alarm cue

2.91465885

0.2577380658

24

Kopack et al. 2015

proportion of time shade after alarm+pred cue

0.7720752578

0.1343140657

25

Kopack et al. 2015

proportion of time shade after pred cue

1.619395014

0.1659756283

26

Kopack et al. 2015

proportion of time swimming after alarm cue

5.585249146

0.6124220003

27

Kopack et al. 2015

proportion of time swimming after alarm+pred cue

2.395813784

0.2146863076

27

Kopack et al. 2015

proportion of time swimming after pred cue

2.395813784

0.2146863076

28

Kopack et al. 2015

proportion of time swimming after alarm+pred cue

2.395813784

0.2146863076

28

Kopack et al. 2015

proportion of time swimming after pred cue

2.395813784

0.2146863076

29

Moseby et al. 2012

average number of changed burrows

0.4395329433

0.2926139003

30

Moseby et al. 2012

distance between the two furthest diurnal burrows

0.3614126308

0.2903792532
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31

Moseby et al. 2012

no. burrows used

0.2206896799

0.287453712

32

Moseby et al. 2012

number of entrances of burrows

0.1925491517

0.2870383991

33

Moseby et al. 2012

total distance moved

0.6971604565

0.3030725965

34

mean change in activity level (post-exposure - pre-exposure
Persons & Eiben 2007 to chem)

0.8169576948

0.1083427484

35

mean change in activity level (post-exposure - pre-exposure
Persons & Eiben 2007 to chemvisvib/chem)

1.02566575

0.1131498779

36

mean change in activity level (post-exposure - pre-exposure
Persons & Eiben 2007 to visvib/chem)

0.5586482045

0.1039010977

37

Trippel et al. 2018

relative growth at harvest (TL) E-CWOP

0.04445147927 0.01600395187

38

Trippel et al. 2018

relative growth at harvest (TL) E-CWP

0.007106215723 0.016000101

39

Trippel et al. 2018

relative growth at harvest (TL) E-PR

0.08521567644 0.01601452342

40

Trippel et al. 2018

relative growth at harvest (weight) E-CWOP

0.08805072473 0.01601550586

41

Trippel et al. 2018

relative growth at harvest (weight) E-CWP

0.04117126449 0.01600339015

42

Trippel et al. 2018

relative growth at harvest (weight) E-PR

0.116666084

0.01602722195

43

Vilhunen 2006

percent of time spent in predator channel (exposure 4)

1.399138791

0.1244698669

44

Zhao et al. 2006

change in area use in 8 minutes after 100% cue solution

0.06031929322 0.03705388156

45

Zhao et al. 2006

change in area use in 8 minutes after 25% cue solution

0.09667802424 0.03708030852

46

Zhao et al. 2006

change in area use in 8 minutes after 50% cue solution

0.1544688156

0.03714750285

47

Zhao et al. 2006

change in area use in 8 minutes after 75% cue solution

0.2512320273

0.03732924783

48

Zhao et al. 2006

change in area use in 8 minutes after predator fed swordtail
cue solution

0.1592343929

0.03715442404

49

Zhao et al. 2006

change in shoaling scores 8 minutes after 100% predator cue
solution exposure
0.0132741785

50

Zhao et al. 2006

change in shoaling scores 8 minutes after 25% predator cue
solution exposure

0.07964507086 0.03706640434

51

Zhao et al. 2006

change in shoaling scores 8 minutes after 50% predator cue
solution exposure

0.004579588251 0.03703713413

Zhao et al. 2006

change in shoaling scores 8 minutes after 75% predator cue
solution exposure

0.1990895311

Zhao et al. 2006

change in shoaling scores 8 minutes after predator fed
swordtail cue solution exposure

0.09452957762 0.03707840667

52
53
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0.0370378528

0.03722054001

Supplementary Table 3.3. Standardized mean effect sizes of fitness traits from training outcomes for each substudy.
Sub-Study
Number
Study

Trait

Standardized
Effect Size

Sampling
Variance

1

Alfieri & Dugatkin 2009

number of survivors

-0.2859294125

0.3367398179

2

Gaudioso et al. 2011

number of partridges died

0.570214496

0.005809413102

3

Smirnova & Gerasimov 2010 mortality

0.6662247111

0.02409786517

4

Trippel et al. 2018

group mean mortality 2011 FBCC E-CWOP

1.435159983

0.3418664349

5

Trippel et al. 2018

group mean mortality 2011 WNFH E-CPR

0

0.07305274378

6

Trippel et al. 2018

group mean mortality of 2009

-1.098693837

0.2901553907

7

Trippel et al. 2018

group mean mortality of 2010

0.923530595

0.1185155786

8

Trippel et al. 2018

group mean mortality of 2011 FBCC E-CWP

0.8032323934

0.1626733248
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Supplementary Table 3.4. Absolute mean effect sizes of prey traits from lethal-exposure outcomes for each
sub-study.
Sub-Study
Number Study

Trait

Absolute Effect Sampling
Size
Variance

1

D'Anna et al. 2012

mean distance from release site with refuge

0.04660667544 0.005481968277

2

D'Anna et al. 2012

mean distance from release site without refuge

0.1527136557

0.005470410394

3

D'Anna et al. 2012

total no. of fish sighted with refuge

0.2126033431

0.01809157751

4

D'Anna et al. 2012

total no. of fish sighted without refuge

0.3982456952

0.01871206358

5

Gaudioso et al. 2011

overall dispersion

0.05184015245 0.04774326916

6

Gaudioso et al. 2011

overall home range

0.1482225867

0.04785804615

7

Kopack et al. 2015

amount of time to enter the cover

0.6670832032

0.5278125

8

Moseby et al. 2012

average distance between diurnal burrow fixes over
30 days

0.1144040354

0.2003272071

9

Moseby et al. 2012

average number of diurnal burrow fixes over the first
30 days of monitoring
0.05790363447 0.2000838208

10

Moseby et al. 2012

burrows used by bilby

11

0.40500258

0.989656969

Smirnova & Gerasimov 2010 average duration of the latent period

5.065239643

0.2804721054

12

Smirnova & Gerasimov 2010 body length from variant 1

0.03742937428 0.4000700479

13

Smirnova & Gerasimov 2010 body length from variant 2

0.08077252382 0.06672103501

14

Smirnova & Gerasimov 2010 body length from variant 3

0.09430052093 0.06674077157

15

Smirnova & Gerasimov 2010 diet of juveniles at food spot no. 3 for one feeding

0.6148965123

0.06981748101

16

Smirnova & Gerasimov 2010 diet of juveniles for one feeding

0.3689857852

0.06780125425

17

Smirnova & Gerasimov 2010 diet on food spot 1

3.11109091

0.1473240554

18

Smirnova & Gerasimov 2010 diet on food spot 2

4.630715135

0.2453626888

19

Smirnova & Gerasimov 2010 diet on food spot 3

6.788302417

0.4506754142

20

Smirnova & Gerasimov 2010 period of staying beyond food spots

1.388423845

0.08273100645

21

Smirnova & Gerasimov 2010 period of staying in a safe section

2.165328828

0.1057387411

22

Smirnova & Gerasimov 2010 period of staying on food spots

0.6155171198

0.06982384437

23

Smirnova & Gerasimov 2010 time on food spot 1

3.058211635

0.1446054867

24

Smirnova & Gerasimov 2010 time on food spot 2

4.902921861

0.2669886898

25

Smirnova & Gerasimov 2010 time on food spot 3

6.367674185

0.4045606211

26

Zhao et al. 2006

change in area use after 100% cue solution

0.7958726775

0.05138936499

27

Zhao et al. 2006

change in area use after 25% cue solution

0.2999179479

0.0481544689

28

Zhao et al. 2006

change in area use after 50% cue solution

0.8025344386

0.05145274717

29

Zhao et al. 2006

change in area use after 75% cue solution

0.815380466

0.05157646014

30

Zhao et al. 2006

change in area use after predator fed swordtail cue
solution

0.06898451217 0.04764737418

31

Zhao et al. 2006

change in shelter use after 100% cue solution

0.4196573616
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0.04866733513

32

Zhao et al. 2006

change in shelter use after 25% cue solution

0.02628642913 0.04762316057

33

Zhao et al. 2006

change in shelter use after 50% cue solution

0.3851885012

0.04850220346

34

Zhao et al. 2006

change in shelter use after 75% cue solution

0.3600179923

0.0483905533

35

Zhao et al. 2006

change in shelter use after predator fed swordtail cue
solution
0.09981883624 0.04767835595

36

Zhao et al. 2006

proportion of fish eaten after 100% cue solution

1.400047075

0.3257188122

37

Zhao et al. 2006

proportion of fish eaten after 25% cue solution

0.8639768309

0.2802609445

37

Zhao et al. 2006

proportion of fish eaten after 50% cue solution

0.8639768309

0.2802609445

38

Zhao et al. 2006

proportion of fish eaten after 25% cue solution

0.8639768309

0.2802609445

38

Zhao et al. 2006

proportion of fish eaten after 50% cue solution

0.8639768309

0.2802609445

39

Zhao et al. 2006

proportion of fish eaten after 75% cue solution

1.809615229

0.4096330942

Zhao et al. 2006

proportion of fish eaten after predator fed swordtail
cue solution

0.2220228056

0.273079731
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Supplementary Table 3.5. Standardized mean effect sizes of fitness traits from lethal-exposure outcomes for
each sub-study.
Sub-Study
Number Study

Trait

Standard Effect Sampling
Size
Variance

1

Alfieri & Dugatkin
2009

percent survival at 24 hours

0.3224829851

2.633463101

2

Farnsley et al. 2018

recaptured rate

0.907810885

0.2010050251

3

Farnsley et al. 2018

recaptured

1.026594638

0.4356536823

4

Gaudioso et al. 2011

overall survival

0.1941282987

0.04795159294

5

Heezik et al. 1999

number of houbara alive

0.1113844673

0.2044628298

6

Moseby et al. 2012

number alive 6 months after release

0.439930332

0.4963481287

7

Persons & Eiben 2007 number of spiders remaining at 1750s after chem exposure 1.280380244

0.2246453431

8

number of spiders remaining at 1750s after
Persons & Eiben 2007 chemvisvib/chem exposure

1.534898669

0.2265018129

9

number of spiders remaining at 1750s after visvib/chem
Persons & Eiben 2007 exposure

0.8962310991

0.2290164171

10

Trippel et al. 2018

survival probability E-CWOP fig1

0.08274946561

0.01601369495

11

Trippel et al. 2018

survival probability E-CWOP fig2

0.004327244669 0.02000004681

12

Trippel et al. 2018

survival probability E-CWP fig1

0.5217014436

0.01654434479

13

Trippel et al. 2018

survival probability E-CWP fig2

0.2594848473

0.02016833096

14

Trippel et al. 2018

survival probability E-PR fig1

0.4805526291

0.01646186166

15

Trippel et al. 2018

survival probability E-PR fig2

0.20987488

0.02011011866

16

Vilhunen 2006

mean survival times after repeated exposure

0.1230475854

0.1271524816
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CONCLUSION
Results from my thesis indicate that while species interactions may be important to the
success of restored communities, interactions in these stressed sites may differ from their
analogues in natural communities. For salt marsh restoration specifically, including ribbed
mussels in restoration can enhance nitrogen removal as mussels provide nutrients and energy to
sediment microbes via biodeposition. This occurs even in eutrophic areas where nutrients may
not be assumed to be limiting. Therefore, ribbed mussels are recommended to be included in the
marsh restorations because of the ecosystem services that they provide. However, further work is
needed to determine how impacts of mussels on the larger marsh communities may vary across
sites and time and the broader impacts of mussel addition.
Salt marshes may increase in elevation through sediment accumulation or organic matter
accumulation. One of the current threats to salt marshes is that reduction in sediment input is not
allowing marsh elevation to keep up with sea level rise (Hartig et al. 2002). Although sedimentdepleted salt marshes can increase elevation through organic matter accumulation, under
eutrophic conditions marsh plants may reduce root growth, decomposition rates may increase,
and vertical marsh growth may be limited (Wigand et al. 2014, Watson et al. 2014). My results
suggest that adding ribbed mussels to salt marsh plots also increases decomposition rates and
may decrease belowground plant biomass. As a result, the combination of ribbed mussel
presence and reduced sediment input in eutrophic salt marshes may not only decouple the
mussel-cordgrass mutualism so that mussels do not enhance plant growth. Under these
conditions, mussels may actually enhance marsh loss. Research is needed to determine if
sediment input or other variables are important factors in maintaining or changing the
relationship between ribbed mussel and cordgrass.
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Impacts of mussel addition should also be considered beyond cordgrass. Within salt
marsh sediment, microbes play a key role in nutrient cycling pathways. Although ribbed mussels
can improve water quality as they filter water to acquire both oxygen and food, microbes are
responsible for using the biodeposits mussels produce after feeding to actually increase
denitrification rates (Murphy et al. 2019). Changes in microbial community diversity and activity
may be important in restored marshes as the microbial communities and processes may differ
from unrestored or natural marshes (Morris et al. 2019). Past work had indicated restored
marshes may take 5-15 years to provide services similar to natural marshes (Craft et al. 2003).
Although this may be due to the time needed for sediments to accumulate necessary nutrients, it
could also be driven by the time needed for an appropriate microbial community to be
established. Beyond providing the reactants needed for denitrification, mussels may also house
denitrifying microbes in their tissue or on their shell or inoculate sediments with new microbial
species (Murphy et al. 2019, Arfken et al. 2017). As a result, mussel addition could play a key
role in jump-starting nitrogen removal at restored sites both through providing the needed
microbes and conditions for them to thrive in. Understanding how microbial communities
respond to the restoration of ribbed mussels is critical to predicting how nitrogen will be
removed from waters as marshes mature.
Just as expected facilitation among some species may not exist in restored sites, negative
interactions may also differ in their importance. I found that predator presence did not impact
mussel biodeposition. This is positive for restoration, as it suggests that mussels may continue to
benefit restored sites even after predators return. However, it also suggests predators may not
consistently impact prey via fear in understood ways. There are many other factors that could
allude to why ribbed mussels did not respond to predators other than the reasons mentioned in
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Chapter 2. For example, Sheriff et al. (2020) discussed the complex nature of how some prey
species weigh the cost of responding to different numbers of predators and different levels of
predation risk in resource-rich or resource-limited environments as well as at high or low prey
density. One should also consider the life history of the prey or other species interactions that can
interfere with the predator-prey relationship. For example, predator-prey interactions can be
changed if another prey who is competing for the same resources is present or an alternative prey
food source for the shared predator is available (Sheriff et al. 2020). Thus, predator effects on
ribbed mussels and the services they provide may differ in the larger communities that many
restoration projects seek to support.
Although I found predators had limited impact on mussel biodeposition, my larger
analysis suggested considering predator impacts may be useful to restoration. Results from my
meta-analysis indicated that antipredator training is a useful technique for increasing fitness
outcomes in organisms from captive-reared populations. However, a better understanding when
antipredator training is necessary and how these programs should be structured would be useful
since antipredator training may be time- and labor- intensive and can increase stress in captivereared organisms. However, I found the lack of current studies did not allow for a full assessment
of relationships among moderators and outcomes. My findings highlight the need for more
comprehensive research on fear effects, antipredator training, and negative species interactions in
a restoration context. Understanding these interactions may allow them to be harnessed via
programs like antipredator training, but more work is needed to fully understand how
interactions influence various population- and ecosystem-related outcomes.
Both positive and negative interactions may also need to be considered in the context of
expected environmental changes, including those related to climate change. Increased CO levels
2
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in the atmosphere leads to increased temperature, decreased pH, coastal acidification, and sea
level changes in marine ecosystems. These can also lead to changes in feeding, growth, and
reproductive timing of individual species (Lord & Whitlach 2015). Although ribbed mussels
have a high tolerance for extreme temperatures, with an upper survival limit of 45℃ (Honig et
al. 2015, Jost and Helmuth 2007) and a higher survival and growth in larvae when reared in
temperatures greater than or equal to 19℃ (Virgin et al. 2019), high temperature stress can lead
to greater mortality (Jost and Helmuth 2007) and susceptibility to bacterial infections (Caza et al.
2020).
Climate change may also impact species interactions (Lord et al. 2017, Harmon and
Barton 2013). These changes can cascade to potential consequences on individual species,
community, or ecosystems over varying time scales. Potential impacts on species interactions
driven by climate change include distribution shifts leading to trophic mismatches (Schweiger et
al. 2008), invasive species entering neighboring communities (Gilman et al. 2010), and changes
to ecosystem functioning rates between consumer-resource interactions (Ward and Masters 2007,
Gilson et al. 2021). Changes in environmental variables related to climate change may also
influence the presence and intensity of interactions (Kroeker and Sanford 2022, McMahan and
Grabowski 2019, Laws 2017, Marino et al. 2016). For example, turbinid gastropods outcompete
trochid gastropods under acidic ocean conditions since the trochid gastropods suffer a slower
shell regeneration rate and reduced shell strength after being inflicted by a simulated attack of
the durophagous crab (Coleman et al. 2014). Higher temperatures and low pH has also been
found to reduce antipredator defenses of two sympatric mussels in the presence of predators
(Kong et al. 2019). Ultimately, ocean acidification can change how coastal molluscs reallocate
energy to growth, reproduction, and defenses as these physiological processes become more
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costly in high CO conditions, which will eventually manifest to higher predation rates (Kroeker
2

et al. 2014). These effects may also extend to other taxa. For example, elevated levels of
dissolved CO increase predation rates and prey selectivity on smaller juvenile damselfish
2

(Ferrari et al. 2011).
Climate change can have major impacts on salt marshes by changing inundation rates,
pH, and salinity levels while also increasing sea level (Callaway et al. 2007, Thorne et al. 2012,
Columbano et al. 2021). Widespread salt marsh loss in southern New England is mainly
attributed to vegetation loss in marshes experiencing greater inundation rates, which can lessen
belowground biomass of vegetation and result in marsh deterioration and fragmentation (Watson
et al. 2017). Multi-year datasets of monitoring northeastern US salt marshes show seasonal
occurrences of acidification (low pH and low dissolved oxygen levels) in the summer months
(Wallace et al. 2014). This may be due to eutrophication that enhances plant and microbial
growth. The resulting respiration from these increased populations can also continue to support
more acidic conditions (Wallace et al. 2014). Higher temperature may also lead to greater
sediment and plant decomposition in marshes and decrease belowground biomass of cordgrass,
making it difficult for salt marshes to withstand sea level rise (Crosby et al. 2017). These effects
may all occur simultaneously, making it complicated to pinpoint specific ecosystem
vulnerabilities in salt marshes (Crotty et al. 2017).
There have been a growing number of studies discussing wetland restoration techniques
and strategies to increase resilience against climate change such as restoring marsh drainage and
increasing marsh elevation to prevent more vegetation loss (Wigand et al. 2017, Zedler 2010).
The impact of climate change on species, interactions, and communities also does not have to be
uniformly negative. Some habitat-formers, such as oysters and ribbed mussels, are resilient to
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environmental stresses and can adapt to varying novel environmental conditions through plastic
responses (Rodriguez et al. 2014, Hilbish 1987). By honing in on these adaptable traits in the
face of climate change and maintaining their positive interactions with other species, habitatforming species can help ameliorate the stress of changing environmental conditions (Bulleri et
al. 2018). These organisms may allow communities to outpace sea level rise and prevent
biodiversity and community loss. However, more research is needed to understand the link
between species interactions and climate change (Harmon and Barton 2013).
To conclude, species interaction may mediate the ability of organisms to survive in a
community and provide valued services but are rarely fully considered in restoration planning.
To address this, my thesis considered how service provisioning will change as restored marsh
communities mature and the value of incorporating antipredator training into captive-rearing
programs. Results from these three chapters differ in scale, scope, and techniques, but they all
add to our understanding of how species interaction might influence restoration outcomes and
could be further integrated into ongoing and future projects.
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